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ABSTRACT

Atmospheric Mercury can be dispersed over long distances and eventually

transferred onto land or water surfaces by wet and dry deposition. Absorbed by the

vegetation, it later reaches the soil through litterfall. In the soil, Mercury species are

predominantly associated with particulate organic carbon (POC) and can be exported

with surface runoff by erosion or in solution, associated with dissolved organic carbon

(DOC). Terrestrial DOC, a by-product of POC decay, consists mostly of humic

substances, which at high concentrations impart a brown color to waters. Inorganic

Mercury can be methylated under a variety of conditions, although low pfL low oxygen

levels or slightly reducing conditions are Most conducing to its formation.

Methylmercury, the Most toxic Mercury species, is bioaccumulated and biomagnified

along the aquatic trophic chain. This accounts for the high levels of Mercury in fish,

occasionally exceeding the recommended 0.5 mg/kg limit for human consumption

(World Health Organization).

Clear-cutting (anthropogenic disturbance) and forest tires (natural disturbance)

alter soil geochemistry and intensify surface runoff, thus increasing the export of organic

carbon, nutrients and trace metals, both in the particulate and the dissolved phases. Water

column samples collected in September 1997 and May 1998 from three treatment groups

of lakes (9 whose watershed was clear-cut, 9 whose watershed was bumt, and 20 control

lakes, whose watershed forests have not been touched by forest tires or clear-cutting for

at least 70 years) were analyzed. Results ofthese analyses reveal a significant increase in

the DOC and dissolved methylmercury concentrations in lake water after watershed

clear-cutting. Following forest fires, there is an enrichment of methylmercury in the

suspended particulate matter (SPM), as weil as significant losses of nitrogen species.

Thus, watershed perturbations increase the export of Mercury species from the catchment

to drainage lakes, and this effeet is greater in logged- than in bumt-watershed lakes. This

Mercury export i s dependent on the delivery of POC and DOC to the lakes, which

increases as a resuIt of surface ronoff intensification.
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RÉsUMÉ

Le mercure atmosphérique se disperse sur de longues distances et est

éventuellement déposé à la surface du sol et des plans d'eau suite aux précipitations

sèches et humides. Le mercure peut aussi atteindre le sol après son absorption par la

végetation terrestre et son élimination sous la forme de débris. Le mercure du sol se

trouve principalement associé au carbon organique particulaire (COP) et dissous (COD),

pouvant être transporté avec l'écoulement de surface par érosion ou en solution. La

plupart du COD terrestre est co-produit de la dégradation du COP et composé de

substances humiques qui à de fortes concentrations sont responsables de la coloration

marron des eaux. Quoique la méthylation du mercure inorganique puisse avoir lieu sous

de conditions variables, un faible pH, une déficience en oxygène et les environnements

légèrements reducteurs la favorisent. Le méthylmercure, l'éspèce mercuriale la plus

toxique, se bioaccumule et se biomagnifie tout au long de la chaine trophique aquatique,

ce qui explique les niveaux elevés en mercure mesurés dans les poissons. Ces niveaux

sont parfois supérieurs à 0.5 mg/kg, le maximum recommandé par l'Organization

Mondiale de la Santé (OMS) pour la consommation humaine.

La coupe forestière (perturbation anthropogénique) et les feux de forêts

(perturbation naturelle) modifient la géochimie du sol et intensifient l'écoulement de

surface. Par conséquent, l'export particulaire et dissous de carbon organique, des

nutriments et métaux-traces s'accroit. La colonne d'eau des lacs appartenant à trois

groupes de traitement (9 lacs dont le bassin a été coupé, 9 lacs dont le bassin a été brûlé et

20 lacs de référence, dont le bassin n'a jamais été touché par le feu ou la coupe forestière

pendant les derniers 70 ans au moins) a été échantillonée en septembre 1997 et en mai

1998. L'analyse de ces échantillons a montré une augmentation significative des

concentrations de COD et méthylmercure dissous dans les eaux des lacs après la coupe

forestière. Les feux de forêts ont causé des pertes élevées des éspèces azotées alors que le

matériel particulaire en suspension s'est enrichi en méthylmercure. Ainsi, les

perturbations font augmenter l'export d'éspèces mercuriales du bassin aux lacs de

drainage. Cet effet est beacoup plus marqué pour les bassins coupés par rapport aux

bassins brûlés. La quantité de mercure transferré depend des concentrations de COD et

COP, lesquelles s'augmentent avec l'intensification de l'écoulement de surface.
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1- INTRODUCTION

1. Sustainable Forest Management (SFM)

This study is a component of the Sustainable Forest Management Network of

Centres of Excellence (SFM-NCE) program~ established in 1995 with the primary goal of

developing and transferring technologies for the sustainable management of the Canadian

boreal forest. The SFM-NCE defines sustainable forest management practices as those

that maintain and enhance the long-term health of forest ecosystems~ while providing

environmental~ economic~ social~ and cultural opportunities for the benefit of present and

future generations.

In Canada~ forest management has been changing~ as the production of an

optimum mix of commodities and services from the forest is no longer the only goal.

According to the new principles of sustainable forest managemen~ production is a by­

produet of a healthy ecosystem~ and emphasis is given to the maintenance of the

ecological integrity of the forest (Armstrong, 1998; McFarlane et al.~ 1998).

The concept of forest ecosystem management based on natural disturbance has

generated a great deal of interest. This approach maintains stand composition and

structures similar to those that characterize natural environments. This could provide a

means of preserving biodiversity and the essential functions of forest ecosystems. In fac~

silvicultural practices that emulate natural disturbances have been proposed for the

principal vegetation zones of the Province of Quebec, where sorne are currently in use

(Bergeron et al., 1998b).

( .'0

2. The horeal forest, its disturbances, and their effects

ln Canad~ boreal forests extend from coast to coast and consist mostly of

coniferous trees (Carleton and MacLellan, 1994). Low temperatures delay organic matter

decomposition, thus favoring carbon preservation (Schlesinger, 1984). For this reaso~

boreal forests are the largest reservoir of terrestrial organic carbon of the Northem

Hemisphere (Bonan and Shugart, 1989; Carleton and MacLellan, 1994), where they

cover Il percent of the total area (Bonan and Shug~ 1989; Carleton and MacLellan,

1994).

Mill ions of square kilometers of the Canadian boreal forests spontaneously bum

1
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every year. In 1995 atone, tire affeeted more than 1600 square kilometers of forest and

approximately 300 lakes in the regions of Gaspésie, Haute Mauricie, and Abitibi-Lac­

Saint-Jean, in the Province of Quebec (CRFQ, 1995). In addition, the importance of

forest harvesting, both in terms of the area it affects and its contribution to the economy,

has increased over the past decades, to the point of subduing tire as the major disturbance

agent (Brumelis and Carleton, 1988; Carleton and MacLellan, 1994; Ash, 1995).

However, despite the importance of forest tires and c1ear-cutting activities in

Canadian forests, little information is available on the impacts of these two perturbations

on DOC export (Moore, 1989) and trace metal mobilization, especially in the case of

Mercury and methylmercury. In order to achieve the goal of developing forest

management techniques inspired by natural disturbances, it is necessary to have a

thorough understanding of the impacts ofboth natural and anthropogenic interferences on

forest environments.

Methods for analyzing and comparing the effects of forest fires and clear-cutting

can be classified as intensive or extensive. The intensive approach requires detailed

knowledge of the forest before the disturbance and direct observation or historical

reconstruction of the recovery of the site after it is disturbed. The extensive approach,

used in the present study, involves only post-disturbance information, analyzing the

effects al the regional level and relating them to the characteristics of the area and other

interactive influential factors (Foster, 1985; Brumelis and Carleton, 1988; Carleton and

MacLellan, 1994).

(~.

2.1. Natural disturbance (Fire)

2.1.1. Nature and characteristics of forest tires

Since the last deglaciation, tire bas been the most important non-anthropogenic

factor determining the ecological structure of North-American forests. Fire can be held

responsible for the species composition, age structure, successional stages, diversity,

productivity, and stability of the vegetation and associated wildlife. Therefore, as tire

affects the whole forest ecosystem, it cao be considered a major landscape-building

element (Heinselrnan, 1973; Kilgore, 1973; Engelmark et al., 1993; Armstrong, 1998).

Sorne forest areas have been intensively managed through harvesting and

2



(

reforestation or tire suppression (Heinselman, 1973). In spite of human intervention over

the past century, which altered their frequency and severity, forest tires continue to be

mostly a natural and recurrent phenomenon. Ignition is usually provided by lightning

strikes, even though in the Canadian boreal forests there are ooly three to ten days of

thunderstorms each year (Heinselman, 1973; Kilgore, 1973; Armstrong, 1998).

Additionally, tires may occasionally start as a result of high temperature or volcanic

aetivity (Heinselman, 1973; Kilgore, 1973), a1though these are not important in Canadian

boreal forests.

Fires ignited by lightning are eodogenous, i.e., they constitute an intrinsic process

in the development of the ecosystem. These tires play an essential role in maintaining

productivity at high levels and keeping the forest from stagnation and decay. By

eliminating trees that are old or weakened by disease or parasites or that have been blown

down by wind, endogenous tires rejuvenate the forest. At the same time, tires eliminate

plant litter from the forest floor, decomposing the accumulated organic matter into

nutrients and energy, a task that could not be performed by microorganisms alone. In

fac!, Iitter accumulation serves as the fuel for forest tires (Heinselman, 1973; Kilgore,

1973; Staafand Berg, 1981; Engelmarket al., 1993; Attiwil, 1994b; Armstrong, 1998).

The formation of plant litter is the tirst step in the recycIing of nutrients and

energy from plants to soil. Litter production is a physiological process related to the age,

growth pattern, metabolic function, and species structure of the vegetation. In old-growth

stands, for instance, biomass usually declines over time, whereas the percentage of dying

woody tissue increases. Litter formation depends as weil on the development of

undergrowth vegetation, since shrubs and ground vegetation may contribute signiticantIy

to the total amount of above-ground residue (Heinselman, 1973; Kilgore, 1973; Staaf and

Berg, 1981).

The concepts of tire cycle and natural tire rotation are important in forest

management, as they reflect the intensity of dynamic processes and the rate of renewal of

the forest area. Fire cycle is detined as the time in years required for a specitically

delimited forest area to bum. Natural tire rotation is detined as the number of years it

takes for the area under consideration to bum and reproduce again. It expands the concept

of tire cycle by including the regeneration phase. An evaluation of these two concepts,

3
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even if merely approximative, permits comparison between forest ecosystems for

scientific purposes. In the boreal forest, the natural tire cycle ranges from 26 to 500 years,

and the natural tire rotation is obviously somewhat larger (Dansereau and Bergeron,

1991; Armstrong, 1998). Hence we can say that, without human interference, large

extents of forest bum at rather long intervals, when conditions are made possible by a

combination of climatic factors and fuel availability (Heinselman, 1973; Kilgore, 1973;

Attiwil, 1994b; Dansereau and Bergeron, 1991; Armstrong, 1998).

2.1.2. Differences in tire onset and development

The characteristics and consequences of forest tires depend mainly on vegetation,

physicallandscape, weather, and fuel availability. Vegetation types differ as to their litter

production and their flammability (Heinselman, 1973; Kilgore, 1973; Woodmansee and

Wallach, 1981; van Wilgen and van Hensbergen, 1992). Physicallandscape features such

as lakes, streams, wetlands, bedrock ridges, valleys, and throughs may act as either

tirebreaks or tirepaths (Heinselman, 1973). For instance, in wetland-rich lowland plains,

tires are smaller and less frequent than in regions with elevations (Foster, 1983). When

the landscape is free of water barriers such as lakes, tires are large and intense, although

less frequent. On the other hand, if there are numerous water bodies as weil as a rough

topography, tires tend to occur with decreased intensity and extent, but with increased

frequency. This is because the lack of uniformity renders continuous, intense tires

practically impossible (Kilgore, 1973; Dansereau and Bergeron, 1991). Sub-alpine

mountainous terrain acts as a tirebreak, by preventing tire from spreading rapidly across

the conifer forests (Kilgore, 1981). Physical landscape May also exert its influence

through siope, soil, or ecological functions like productivity or diversity (Heinselman,

1973). Other elements, such as wind direction, and permeability and size of water

barriers, help determine the role ofwater bodies in delimiting tires (Hunter, 1993).

Weather and fuel buildups are closely related and must be jointly explained.

Spring and fall are favorable seasons for forest tires, as plant litter quickly accumulates

onto the forest floor. This increased availability of fuel enables fîres to start promptly,

once ignition is provided, and to extend rapidly. Conversely, summer plant material is

mostly green and absorbs heat. As a result, summer tires normally require more radical

4



climatic conditions in order to achieve spread rates and buming intensities similar to

those of spring and faH tires (Heinselman, 1973). However, as the tire progresses, live

plants dry until they begin to bum as weil (van Wilgen and van Hensbergen, 1992). Such

conditions are most commonly enabled by prolonged droughts, when evapotranspiration­

dried litter and humic matter add to the fuel. The number of consecutive days without

precipitation is strongly correlated with the area over which the tire spreads. The amount

of precipitation is also signiticant in that strong rainfall May be sufticient to extinguish

most tires. Spring and fall tires differ from one another in that, in the spring, moisture

and frost present in soil, titter. and organic matter usually prevent the quick expansion

and thorough consumption of fuels and soil organic layers (Heinselman, 1973).

The consequences of tire upon a forest environment largely depend on the

frequency, duration, and intensity of the tire (Heinselman, 1973; Kilgore, 1973;

Woodmansee and Wallach, 1981; Dansereau and Bergeron. 1991; Bergeron et al.,

1998b). Fire intensity, i.e., its rate of energy release, may vary more than IOOO-fold

(Kilgore, 1973). Sorne tires, known as crown tires, are severe enough to eliminate a large

number of trees. These trees will be replaced with the birth of new ones, which together

will fonn an age class, a new stand whose year of origin traces back to the time the tire

took place. Surface tires, on the other hand, affect only a few scattered trees and do not

introduce new stands or age classes (Heinselman, 1973; Kilgore, 1973). Smaller tires are

usually more frequent than large ones (Dansereau and Bergeron, 1991; Hunter, 1993),

following the rule of inverse relationship between frequency and intensity of natural

disturbances (Margale( 1997).

According to intensity, tires can be classified into three categories:

• Small to moderate: e.g., surface tires in white and red pine stands, which do not bum

the soil, but decrease the wood volumes;

• Moderate: e.g., tires of variable severity occurring in mixed forests and leaving a

number ofgreen forest island residuals;

• Large: e.g.• high severity tires which take place in the coniferous boreal forest and

bum soil organic layers (Bergeron et al .• 1998b).

5
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2.1.3. Impacts offire on soil geochemistry

Fire intensity and the extent of humus layer consumption are the main

determinants of the impacts of tire on the soil. Light bums often stimulate nitrification,

elevate soil pH, and chemically improve soils by increasing the availability of

phosphorus, potassium, calcium, and magnesium (Kilgore, 1973; Wells et aL, 1979). On

the other hand, intense tires may deplete nutrients, either through the volatilization of

nitrogen and potassium or the leaching of water-soluble cations, organic ions and nitrate

as a result of increased runoff. Independent of tire intensity, soil moisture contents tend to

rise soon after buming and decline again as regeneration progresses with new trees

growing and absorbing more water. The temporary rise in soil moisture levels leads to

augmented surface runoff and erosion (Heinselman, 1973; Kilgore, 1973; Woodmansee

and Wallach, 1981; Scott and van Wyk, 1992; van Wyk et al., 1992; van Reenen et al.,

1992; Attiwil, 1994b; Bergeron et al., 1998b).

In nature, tire is the agent that periodically and efficiently consumes the

accumulation of litter, humus, and peat and recycles the mineraI elements and carbon

contained in soils, controlling nutrient cycles and energy pathways. Most of the elements

present in phytomass are physically mineralized and deposited on the soil surface with

the ash that results from buming. Typically, microbial activity is enhanced after tire, due

to increases in temperature, moisture, pH and availability of carbon and nutrients

(Woodmansee and Wallach, 1981). Although bacterial populations increase, soit fungi

usually decrease in number as a result of tire (Kilgore, 1973).

Although forest tires destroy biomass and a large amount of accumulated organic

matter, their immediate effect on soil organic carbon contents is limited. Initially, ail leaf

material disappears, and a large proportion of charcoal, imperfectly burnt wood, and

loose soil aggregates predominate, thus increasing the amount of aboveground residue.

This residue progressively decomposes and disappears, as litter-fall accumulation and

decay no longer balance the mineralization and eluviation processes. The result, then, is a

decline in soil organic carbon, which usually persists for two years after tire-induced

deforestation. As new trees establish and grow, litter input increases again, until a steady

state is reached at canopy closure (Staaf and Berg, 1981). Simultaneously, leaching losses

of chemical components are regulated and eventually prevented, as they also depend
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largely on the rate of recovery of forest vegetation (van Wyk et al., 1992).

2.2. Anthropogenic disturbance (Clear-cutting)

The tenn clear-cutting involves complete felling of overstory and understory trees

(Keenan and Kimmins, 1993), but it comprises different techniques of forest harvesting,

and the spatial extent of forest removal (Le., the size of the logged area) is highly

variable. As to the harvesting technique, differences lie on the presence and intensity of

mechanical site preparation, the extent of tree removal (whole trees or stems only), and

the pre- and post-Iogging treatment of the site (Vitousek, 1981; Wiklander, 1981; Keenan

and Kimmins, 1993).

Sorne of the consequences of forest clear-cutting in boreal ecosystems are similar

to those of tires, namely the removal of the tree canopy and the microclimatic

modifications at ground level and in the soil layers. However, the similarities are Iimited,

as the abundance and structure of biomass left on clear-cuts has tittle in common with

those of a bumt forest (Carleton and MacLellan, 1994; Bergeron et aL, 1998a,b). Fire

leaves sorne trees standing, dead or not, which accelerates the recolonization and

regeneration of the forest. In contrast, clear-cutting removes the vegetation uniformly

over large areal extents and leaves no seed banks and no standing trees to provide shade

and protection to the soil or to seedlings that might eventually be established (Carleton

and MacLel1an, 1994).

2.2.1. Impacts ofclear-cutting on hydrology

In forested areas, precipitation is partially or completely intercepted by vegetation

before reaching the ground. The forest tloor protects the soil from the direct impact of

rainfall and reduces the incidence of overland tlow (Thomas, 1975a,b; Keenan and

Kimmins, 1993). Evapotranspiration and soil water movement are, together, the most

important processes in the hydrologie cycle. The water infiltration rate is determined by

soil porosity and water content, with the infiltration rate increasing as the water content

decreases and the porosity increases. Porosity depends on the presence and depth of a

duff layer (Thomas, 1975a,b) in the upper surface of the soil, right beneath the trees. Duff

is the panially decayed organic matter layer found between the litter and the humus
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(Ashwort, 1991). In forests possessing a deep, porous duff layer, infiltration rates are so

high that virtually ail rainfall penetrates the sail, and almost no surface runoff is observed

(Thomas, 1975a,b).

During clear-cutting events, the duff layer is partially or completely removed, and

the soi1 top layer may be compacted or mixed with the underlying minerai soil by

machinery and logs (Thomas, 1975a; Groot, 1987; Ash, 1995; Jewett et aL, 1995). In

addition, soil water removal through evapotranspiration is prevented, since the vegetation

cover is lost (Likens et al., 1970; Thomas, 1975a,b; Jewett et al., 1995), and soil water

saturation may be attained. With the onset of saturation, water accumulates at the surface

(Likens et al., 1970; Rothacher, 1970; Thomas, 1975a,b; Greacen and Sands, 1995;

Jewett et al., 1995). This leads to intensified runoff and accelerated erosion and leaching

of dissolved and particulate materials in soil, such as organic carbon, nitrogen and

potassium (Rothacher, 1970; Brown et al., 1973; Thomas, 1975a,b; Hombeck et al.,

1986; Troendle and King, 1987; Fuller et al., 1988; Brais et al., 1995; Rosén et al., 1996;

Berdén et al, 1997).

2.2.2. Impacts of clear-cutting on soil geochemistry

Besides producing a variety of physical, hydrological, and biological effects

related to the removal of the vegetation cover, forest clear-cutting has been shown to

impact forest soif geochemistry, by disrupting nutrient and carbon cycles (Brown et al.,

1973; Boorman and Likens, 1979a; Fuller et al., 1988). It also affects the concentration

and export of trace metals associated with organic matter and minerai phases (Fuller et

al., 1988). This is a consequence of the enhanced mineralization of the forest floor, the

weathering of exposed minerai surfaces, and the transport of particulate matter to streams

and lakes (Brown et al., 1973; Fuller et al., 1988; Brais et al., 1995).

After a logging operation, large amounts of slash and other organic debris are left

on the forest floor. 81ash includes ail portions of woody plants that are dead or dying as a

result of tree harvesting (Bro\vn et al., 1973; Moore, 1989; Ashwort, 1991). The

decomposition of this material is accelerated by the microclimatic changes which follow

clear-cutting (Moore, 1989; Brais et al., 1995). The decomposition produets include

particulate and dissolved organic matter, as weil as nutrients, which are increasingly
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leached from the forest tloor with the intensified surface runoff (Schlesinger, 1984; Fuller

et al, 1988).

According to Brais et al. (1995), the impact of clear-cutting on leaching lasses of

various elements depends on the specific mobilization and transport mechanisms of these

elements. The concentrations of lead and iron in surface runoff depend on the retention or

release of organic carbon by deeper minerai soils, as DOC (dissolved organic carbon)

contrais the solubility and transport of these two elements through organic complexation

reactions. In contrast, manganese and zinc are actively leached after forest clear-eutting,

regardless of the fate of DOC.

Nitrogen is mostly leached from the soil in the form of nitrate, which is produced

in excess as a result of increased nitrification and reduced or absent nitrogen uptake by

the vegetation. The excess nitrate formed is rapidly leacbed from the soil. Nevertheless,

nitrogen-fixing microbes usuaUy counterbalance this loss rapidly. Besides increasing the

export of nitrogen, higber nitrification rates also affect sulfate retention and the leaching

of base cations and the prevailing a1uminum species (Berdén et al., 1997). Nonetheless,

since the process of nitrification is strongly acidifying, the primary consequence of

increased nitrification is the decline in soil pH (McColl, 1972; Brown et al., 1973; Fuller

et al., 1988; Dahlgren and Driscoll, 1994; Brais et al, 1995). Two hydrogen ions (Hl are

produced for every ammonium ion (NIL'1 nitrified, i.e., for each nitrate ion (NO])

produced. We can represent the nitrification reaction as:

~+ + 3/2 02 H N03- + 2 Er (equation 1.1).

In undisturbed systems, the nitrate formed would he rapidly taken up by roots and

reduced to Nf4+, resulting in no net acidification (Berdén et al., 1997). Other processes

that can consume or produce protons, aside from nitrification, also contribute ta soil

acidification after clear-cutting (Brais et al., 1995). One of such processes is organic

matter accumulation and decomposition (Binkley and Richter, 1987; Berdén et al., 1997;

Keenan and Kimmins, 1993). A pH decline has been reported by several authors for

periods ranging from 1 to 16 years after clear-cutting (Likens et al., 1970; Adams and

Boyle, 1982; Krause, 1982; Mroz et al., 1985; Nykvist and Rosén, 1985; Johnson et al.,

1991; Staaf and Oison, 1991; Dablgren and Driscoll, 1994). The decline in sail pH has a

double-sided effect on soil trace Metal mobility. For most trace metals, solubility is
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increased and leaching is facilitated at lower pH. However, for trace metals that are

associated with organic solutes in the soil, mobility May decrease as a result of lower pH

(Fuller et al, 1988).

Given that the speciation and toxicity of a given trace metal is closely related to

pH, as weU as to the behavior and fate of DOC and to several other chemical and physical

factors, assessing the impact of forest clear-cutting on water quality and aquatic biota is a

complex endeavor.

2.3. Dissolved organic carbon (DOC)

A much larger amount of carbon is held in soUs than that in the atmosphere or

vegetation (Woodwell, 1984). In forest soils, DOC is produced primarily from microbial

activity, root exudates, and leaching of particulate organic matter from plaot debris

(Schlesinger, 1984; Schiff et al., 1997) and is mostly concentrated in the top soil layers,

i.e., the 0- and A- horizons. The progressive decrease in DOC concentrations as it is

transported deeper inta the soil profile is due to mineralization, adsorption, and

precipitation processes (Buringh, 1984; Dmytriw et al., 1995; Kalbitz and Wennrich,

1998).

Once produced, DOC May he sorbed onto particles, infl1trated through the soil

profIle, decomposed, or exported from the forest catchment with surface runoff

(Schlesinger, 1984; Verta et al., 1989; Aastrup et al., 1991; Mierle and Ingram, 1991;

Lucotte et al., 1992; Pettersson et al., 1995; Schiff et al., 1997). Decomposition of DOC

is possible at ail stages of its cycling and ultimately leads to the loss of carbon to the

atmosphere as carbon dioxide (Schlesinger, 1984; Woodwell, 1984; Fuller et al., 1988).

Mineralization of DOC depends on environmental conditions and its composition,

namely its carbon-to-nitrogen ratio (Schlesinger, 1984; Woodwell, 1984; Schiff et al.,

1997). The lower the C/N ratio of the organic matter, i.e., the higher the nitrogen content

relative to the carbon content, the greater its susceptibility ta decomposition (Cole and

Heil, 1981; Staaf and Berg, 1981).

Of the total annuaIloss of surficial forest tloor material, 25 to 50 percent is in the

form of DOC (Curtis and Scbindler, 1997). Surface ronoff cao carry large amounts of

organic material, not ooly dissolved, but aIso in suspension (Schlesinger, 1984; Verta et
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al., 1989; Lucotte et al., 1992; Schiff et al., 1997). The amount of DOC exported depends

on the characteristics of the local soil (Brown et al., 1973; Fuller et al., 1988) and climate,

and on hydrologie changes affecting runoff. Under normal conditions, the export of

terrestrial DOC from the catchment by surface runoff is small, compared to the amounts

of carbon fixed and released by the forest biomass. The fate of the exported DOC

depends largely on hydrologie flow paths, soil physical-chemical interactions, biological

mineralization, dilution, and other processes specifie to the aquatic media (Cronan and

Aiken, 1985; St. Louis et al., 1994a; Curtis and Schindler, 1997; Hinton et al., 1997).

The hydrologie changes affecting runoff and DOC export depend on highly

interactive factors, e.g., precipitation patterns, soil moisture, and increased discharge

(Buringh, 1984; Chen et aL, 1984; Cronan and Aiken, 1985; Moore, 1989; Nriagu, 1989;

St. Louis et al., 1994a; Ash, 1995; Pettersson et al., 1995; Curtis and Schindler, 1997;

Hinton et al., 1997; Schiff et al., 1997). For instance, increased precipitation causes an

intensification of surface runoff and an increase in DOC export from the forest

watershed. This effect is more pronounced at higher soil moisture contents (Hinton et aL,

1997). High discharge episodes are usually responsible for the highest levels of DOC

export and can result from a variety of events, such as the spring snowmelt, difÎerent

types of storms (Moore, 1989; Curtis and Schindler, 1997; Hinton et aL, 1997), and

deforestation (see previous section). In the case of deforestation, the areal extent of the

disturbance is important as weil (Brown et al., 1973; Fuller et aL, 1988).

Once incorporated into surface runoff and later into a lake or another receiving

water body, DOC plays an important role in determining the availability, solubility,

sorption, transport and fate of nutrients, trace metals, and organic compounds. In

addition, DOC May limit biological productivity, through absorption of light, and the

acid-base balance of natural waters, by contributing organic acids (Chen et aL, 1984;

Cronan and Aiken, 1985; Moore, 1989; Moore and Jackson, 1989; Miskimmin et al.,

1992; Curtis and Schindler, 1997; Hinton et al., 1997; Schiff et aL, 1997). DOC is also an

important nutritional source to terrestrial invertebrates and notably to the aquatic fauna of

the receiving water body (Verta et al., 1989; Curtis and Schindler, 1997).

The amount of DOC delivered to a lake from surface runoff depends on

characteristics of the Jake and its catchment, such as the watershed area, catchment area
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and water residence time. For instance, the concentration of DOC in lake water tends to

be proportional to the ratio of watershed area to lake surface area, but inversely related to

the water residence time in the lake basin (Miskimmin et aL, 1992; Curtis and Schindler,

1997; Schiff et al., 1997). The proportion of wetland areas in the forested catchment is

another influential factor, as most wetlands are large reservoirs and net exporters of

organic carbon through outf1owing streams. In fact, strong positive correlations have

been observed between catchment area covered by peatlands and DOC export (Cronan

and Aiken, 1985; Moore, 1989; Curtis and Schindler, 1997; Schiffet al., 1997).

In summary, it is very difficult to quantitatively estimate or model the export of

DOC from catchments (Schiff et al., 1997). Such calculations are mostly performed by

means of regressions of stream discharge and stream DOC concentration. Nevertheless,

the uncertainties involved in the results are significant, as stream discharge only partially

explains the total variability in DOC concentrations. In fact, depending on the type of

catchment, stream discharge May be a poor predictor of DOC. In upland catchments of

humid climate zones, DOC concentrations in runoff can be inversely related, or even

unrelated, to discharge, depending on the hydrologie, climatic, and biogeochemical

characteristics of the catchment (Moore, 1989; Moore and Jackson, 1989; Hinton et al.,

1997). For instance, results reported by Eckhardt and Moore (1990) for eight catchments

in Southern Quebec show significant relationships between DOC and stream discharge in

the presence ofwetlands, but not in their absence.

Despite the problems and difficulties involved in its estimation, DOC export is a

powerful tool for tracking the effects of deforestation on soil geochemistry, as DOC

responds quickly to such disturbance (Fuller et al., 1988; Moore, 1989). Although

conflicting results have been reported on the impacts of clear-cutting OD DOC export

from forested catchments (Robbie and Likens, 1973; Meyer and Tate, 1983; Schlesinger,

1984; Moore, 1989; Henderson and McMartin, 1995), deforestation (both clear-cutting

and forest tires) usually magnifies the loss of DOC from the watershed. This pattern is

not restricted to DOC, but usually extends to nutrients and trace metals (Cerri et al., 1991;

van Wyk et al., 1992) - see previous section.
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3. Mercury and methylmercury in the environment

The role of Mercury as a pollutant and the toxicological implications of its

accumulation in fish and man were only realized after high mercury levels were reported

in fish from some lakes and coastal areas of Scandinavia., in the vicinity of chlor-alkali

and cellulose plants. The accidents of Minamata and Niigata (lapan) in the 1960'sand

other noteworthy cases of large-scale Mercury poisoning (e.g., in Iraq (1971-72),

Guatemala., and Pakistan) also revealed the consequences of mercury contamination

(lrukayama., 1967; Rissanen, 1972; Hara et al., 1976; Preston, 1989; Langlois et al., 1995;

Suchanek et al., 1995; Kaiser, 1996). Nowadays, Mercury is recognized as a very

dangerous chemical pollutant, methylmercury being its most toxic species (preston, 1989;

Langlois et al., 1995).

3.1. Sources

Mercury is a relatively ubiquitous natural constituent of the environment. It is

found in almost every environmental compartment, including air, volcanic gases, fresh

water, seawater, soils, minerai ores, lake and river sediments, and living organisms

(Slemr et al., 1981; Glass et al, 1986; Jemelov and Ramel, 1994, 1995; Gaudet et al,

1995; US-EPA, 1997). Concentrations of Mercury in Many of these compartments appear

to have increased over the last 500 years. In the atrnosphere and the surface of the oceans,

for example, Mercury concentrations have tripled over the past century. This increase is

commonly attributed to anthropogenic point sources of mercury (Lucotte et al., 1992;

Nater and Grigal, 1992; Yess, 1993; Jemelov and Ramel, 1994, 1995; Gaudet et al.,

1995; Klein and Jacobs, 1995; US-EPA, 1997), i.e., stationary locations or fixed facilities

from which mercury is discharged or emitted as a result of human activity (US-EPA,

1997). Mercury is also emitted by natural sources, such as weathering and degassing of

the Earth's crust (Jemelov and Ramel, 1994, 1995; Gaudet et al., 1995; US-EPA, 1997).

Lindqvist et al. (1991) estimate naturdl sources to represent 40 percent of total Mercury

emissions.

Most anthropogenic sources emit Mercury to the atmosphere. They include waste

disposai and incineration, ore smelting, fuel combustion, chemical and metallurgical

processes (especially in instruments, in catalysis, in the chlor-alkali industry, and in the
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synthesis of pesticides and pharmaceuticals), agricultural use of pesticides and sewage

sludge, and dental applications (Chaney, 1973; Hogstrom et al, 1979; Fellenberg, 1980;

Brosset, 1983; Lindqvist and Rodhe, 1985; Nriagu and Pacyna, 1988; Hultberg et al.,

1994; Lodenius and Tulisalo, 1984; Cossa, 1990; Panda et al., 1992; Chu and Porcella,

1995; Matthews et al., 1995; Hempel et al., 1995; Henderson and McMartin, 1995; Rubin

and Yu, 1996; US-EPA, 1997).

Different estimation techniques combined indicate that anthropogenic releases

account for 40 to 7S percent of the current atmospheric Mercury concentrations (US­

EPA). Being a trans-border pollutant emitted by numerous countries, Mercury is regarded

as an international problem. In tropical countries, Mercury is often employed in the

process of gold extraction by amalgaroation, and a serious menace to the ecosystem. The

total number of gold-miners in the wor!d using mercury amalgamation is estimated at

about four million: 650,000 in Brazil, 250,000 in Tanzania, 250,000 in Indonesia, and

150,000 in Vietnam, to name a few (Jemelov and Ramel, 1994). Official statistics in

these nations, however, do not portray the real use of Mercury. Furthermore, it is strongly

suspected that a large proportion of the mercury utilized is smuggled into those countries

(Jemelov and Ramel, 1994, 1995).

Prediction of the environmental impact ofmercury in these areas is difficult, since

little is known about the behavior of Mercury in tropical ecosystems, where the higher

degree of complexity and specialized food chains might lead to a situation that differs

from that of boreal zones (Jernelov and Ramel, 1994, 1995; Roulet et al., 1998a,b). In

Brazil, for instance, gold mining is centered in the Amazon, an area extremely rich in

water bodies (Jernelov and Ramel, 1994, 1995; Roulet et al., 1998c). Likewise, in

Tanzania, the rapidly evolving gold-mining activities take place along rivers and creeks

that tlow into Lake Tanganyika (Jemelov and RameI, 1994, 1995).

The Canadian Environmental Protection Act (CEPA), which was proclaimed in

1988 and is the basis of the federal govemment environmental protection legislation, has

identified Mercury as a priority toxicant. The Canadian Council of Ministers of the

Environment (CCME) has, therefore, formulated national environmental quality

guidelines for Mercury levels in water, sediments, and soil (Gaudet et al., 1995). In

Canada, mercury was recognized as an environmental problem as a result of the dramatic
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elevation of aquatic concentrations due to chlor-alkali plant effluents and to flooding of

new hydroelectric reservoirs. Flooding of forest areas to create reservoirs appreciably

increases organic matter decomposition~ dissolved oxygen consumption~ and the resulting

Mercury mobility, bioavailability and methylation rate. Mercury levels in aquatic

organisms are thus increased (Gobeil and Coss~ 1984; Jackson~ 1988, 1991; Johnston et

al., 1991; Verdon et al, 1991; Louchouarn et al., 1993; Dmytriw et al.~ 1995; Jernelov and

Ramet, 1995; Morrison and Thérien~ 1995; Mucci et al., 1995; Porvari and Verta~ 1995;

Plourde et al., 1997; Tremblay and Lucotte, 1997).

3.2. Mercury in the atmosphere: emission, dispersion and scavenging

Canadian anthropogenic emissions of Mercury to the atmosphere have been

estimated at approximately 31 tons annually. In Canad~ the major source of Mercury is

base metal recovery, which accounts for 45.2% of the total emissions. Power generation

and combustion of coat, natural gas~ petroleum products, and wood constitute the second

largest source, contributing 25.8% of the total Mercury emissions in Canada (Gaudet et

al.~ 1995).

In the United States, the annual emission of anthropogenic Mercury to the

atmosphere is estimated at 158 tons, approximately 87 percent from combustion point

sources, 10 percent from industrial point sources, and 2 percent from area sources.

Geothermal power generation accounts for roughly one percent. Other source categories

(e.g.~ refineries, agricultural buming, paint use, primary mercury production~ by-product

coke, Mercury compound synthesis, and internai combustion of diesel and gasoline)

whose current emissions cannot be estimated due to insufficient data may contribute as

much as 20 percent more Mercury to the total estimates of the United States (US-EPA,

1997).

Elemental Mercury represents 98 percent of the total Mercury in the atmosphere

and is formed by reduction of Hg(II) (Coss~ 1990; Lindqvist et al.~ 1991; Mason et al.,

1995). In the Northem Hemisphere, gaseous elemental Mercury is uniformly distributed

in the atmosphere, as a consequence of its short intrahemispherical mixing time of

approximately 3 months (Slemr and Langer, 1992). This uniformity is also consistent

with the estimated 6 to 24 months (one year on average) residence time of elemental
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Mercury in the atmosphere (Pfeiffer et al., 1991; Slemr and Langer, 1992; US-EPA,

1997). In the Southern Hemisphere, mixing time is also short, but the average

concentration of total elemental Mercury is significantly lower, 1.33 ng/m3
, in

comparison to 1.96 ng/m3 in the Northern Hemisphere (Slemr et al., 1981; Slemr and

Langer, 1992).

In areas of humid climate, the residence time of elemental Mercury in the

dominantIy anthropogenic is strongly reduced, and the annual rate of Mercury deposition

increases (pfeiffer et al., 1991; US-EPA, 1997). This causes the total gaseous Mercury

concentrations in the atmosphere to decrease to 1.6 ng/m3 between 32°5 and 19°N and

1.2 ng/m3 south of 32°S, as compared to approximately 2.2 ng/m3 north of 19°N (Slemr

and Langer, 1992). Geographical variation in the rate of atmospheric deposition of

Mercury cao he as high as 20-fold, due to differences in terrain, climate and meteorology,

and in the amount of mercury in the atmosphere (US-EPA, 1997). Seasonal variation in

deposition rates occur not ooly for gaseous elemental Mercury, but also for particulate

Mercury (Brosset, 1981, 1982; Slemr and Langer, 1992), whose concentrations in the

atmosphere decrease exponentially with distance from the source (Lodenius and Tulisalo,

1984; Klein and Jacobs, 1995; US-EPA, 1997).

3.3. Atmospheric deposition as a source of mercury to watersheds

In Northern Quebec it has been demonstrated that Mercury of dominantIy

anthropogenic origin has been deposited from the atmosphere since the 194O's (Lucone

et al., 1995). Such deposition May occur either directIy onto the water surface or

indirectly via drainage basin vegetation and soils (Lucane et al., 1992; Hultberg et al.,

1994; Watras et al., 1994; Hintelmann et al., 1995). Mass balance calculations for lakes

and watersheds in Canada, Sweden and the state of Wisconsin point to atmospheric

deposition as the principal source of Mercury (Fitzgerald and Watras, 1989; Mierle, 1990;

Lindqvist et al., 1991). In Wisconsin, the direct deposition of airborne Mercury to

precipitation-dominated lakes is sufficient to account for the annual sediment and 6sh

accumulation (Fitzgerald and Watras, 1989; Wiener et al., 1990). In the Lake Superior

region, as well, atmospheric deposition constitutes the major Mercury source for sorne

lakes (Glass et al., 1986).
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Methylmercury would account for approximately 2 percent of the total Mercury

deposited onto a watersbed (Langlois et al., 1995; Lucotte et al., (995). The atmospberic

deposition of methylmercury displays a seasonal pattern, with bigber deposition rates in

spring and winter (Hultberg et al., (994). In general, the relative importance of

metbylmercury sources to drainage lakes varies widely. Whereas in the EXPerimental

Lakes Area (ELA) of Nortbwestem Ontario and in Wisconsin seepage lakes the

atmospheric source of methylmercury is insignificant (St. Louis et al., 1994a; Walras et

al., 1994), in Swedisb lakes it is considered sufficient to account for the high

methylmercury levels in water and 6sh (Hultberg and Iverfeldt, (992).

3.4. Mercury from the catchment: terrestrial inputs to lakes

Fish Mercury levels are higher in drainage lakes than in seepage lakes (Verta et

al., (994). This reflects the greater importance of terrestrial inputs of Mercury to lakes in

comparison to atmospheric inputs. Terrestrial Mercury inputs consist of the

remobilization and transport through the watershed of Mercury associated with the

vegetation or soil, eventually reaching a lake (Lucotte et al., 1992; St. Louis et al.,

1994a). Forest vegetation constitutes a link between the atmosphere, the soil and the

terrestrial food chain (Martin and Coughtrey, (981). The trees take up elemental Mercury

through their leaves and incorPQrate it in their tissues. With plant death and decay tbis

Mercury ends up in litterfall (Iverfeldt, 1991; Lucotte et al., 1995; US-EPA, (997).

Numerous other factors, besides the rate of inland atmospheric deposition, affect

the terrestrial input of Mercury to lake water. Among these are: vegetation, climate,

seasonality, the rate of catchment erosion, the ratio of watershed area ta lake surface area,

the proportion of wetlands in the catchment, the residence time of water in the soil, the

tbickness of the soil layer, and other soil characteristics (J~hnston et al., 1991; Meili,

1991b; St. Louis et al., 1994a; Verta et al., 1994; US-EPA, (997). Wetlands and

Peatlands, because of their high organic carbon contents, are important terrestrial sources

of methylmercury in near-pristine boreal ecosystems. Their areal extent in a catchment is

related to the export rates of methylated as weU as inorganic Mercury (Driscoll et al.,

1994; St. Louis et al., 1994a; Bishop et al., 1995; Krabbenboft et al., 1995; Rudd, 1995;

Branfueun et al., 1996).
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3.5. The fate ofmercury in lakes

Within the lake, inorganic mercury may follow three main pathways: particle

scavenging and transport towards the sediments; conversion to elemental Mercury and

evasion from the water to the atmosphere; methylation and subsequent bioaccumulation

and/or demethylation. The relative importance of mercury sedimentation and gaseous

evasion processes varies from lake to lake and can be associated with the residence time

of Mercury in the upper water column. In lakes where epilimnetic Mercury residence

times are short, rates of sedimentation would be high compared to Mercury evasion rates,

and vice-versa (Watras et al., 1994).

3.6. Mercury concentrations in the environment

In Canada, mercury concentrations usually range from 0.02 to 0.15 J.lglg in soils,

with an average of 0.05 J.lglg (Friske and Coker, 1995; Grondin et al., 1995), and from 1

to 20 ng/l in fresh water (Gaudet et al., 1995). In lake sediments, they do not normally

exceed 0.3 J.1g1g, except near anthropogenic point sources (Friske and Coker, 1995). For

instance, in Flin Fion (Manitoba), at the site of a base Metal mining and smelting

complex, sediment mercury levels as elevated as 6.39 J.lg'g have been reported (Gaudet et

al., 1995). Higher concentrations in fresh water have been observed in Ontario and

Quebec near areas of gold, copper or zinc mineralization, in British Columbia in the

vicinity of cinnabar (mercuric sulfide) deposits, and in some streams of Ontario, Yukon,

Northem Manitoba, and Labrador, mainly due to the presence of massive sulfide and

black shale deposits, glaciation, and fauIted tectonically-active terrains (Gaudet et al.,

1995; Henderson and McMartin, 1995). High concentrations of dissolved sulfide stabilize

mercury in solution through complexation, whereas low sulfide concentrations promote

the precipitation of Mercury as mercuric sulfide (HgS) (Watras et al., 1994; Paquette and

Helz, 1995).

Several researchers, including the National Geochemical Reconnaissance

Program of the Geological Survey of Canada, have reported a large variability in Mercury

concentrations in lake water and sediments. Much of the variability can be directly

related to the chemical composition of the soil water, bedroc~ regolith, and glacial

deposits in the surrounding watershed. Bedrock composition dietates lake water
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chemistry~ affecting, most of ail, the mercury concentrations in the sediments. This is

explained by the preferential concentration of Mercury in certain rock types through

igneous, metamorphic and sedimentary processes (St. Louis et al., 1994a; Friske and

Coker, 1995; Krabbenhoft et al., 1995). For example, a Mercury concentration of 200

nglg would be anomalously high for lake sediments on a marble basement, but would be

considered normal for sediments overlying shale, a rock type known to be naturally

enriched in Mercury and other trace metals (Friske and Coker, 1995). Another factor

strongly affeeting the concentration of Mercury in sediments is their organic matter

contents (Lucotte et al.~ 1995).

The chemical fonn or speciation of Mercury controls the fate of mercury and

influences the site risk assessment and recommended remedial actions. Adsorption has

been recognized as an important process in determining the fate of trace metal

contaminants in soils (Yin et al., 1996). The soil most likely acts as a competitive sink for

contaminants (Lindqvist et al., 1991; Krabbenhoft and Babiarz. 1992~ Bamett et al.,

1995; Chu and Porcella, 1995; Pettersson et al., 1995; Sheppard et al., 1995). pH affects

both the surface charge characteristics of soil particles and the speciation of the metal in

solution (Yin et al.~ 1996), goveming the extent of adsorption.

Notwithstanding the importance ofpIL the soil type and its organic matter content

seem to override it in determining the extent of Mercury sorption, as mercury is expeeted

to forro very stable complexes with organic matter. In forest soil profiles, high Mercury

concentrations are confined to the O-horizon, demonstrating a strong association between

Mercury and organic carbon (Oudas and Pawluk, 1976; Lodenius et al., 1987; Semu et

al., 1987; Verta et al., 1989; Lucotte et al., 1992; Severson et al., 1992; Hultberg et al.,

1994; Grondin et al., 1995; Henderson and McMartin~ 1995; Matthews et al., 1995;

Mucci et al, 1995; Roulet and Lucotte, 1995). Low humus contents are enough to sorb

significant amounts of mercury, whereas soil minerai fractions contribute linle to the

sorption of inorganic Mercury, especially under acidic conditions (Trost and Bique, 1970;

Fang, 1978; Landa, 1978; Lodenius et al., 1987; Dmytrlw et al., 1995; Roulet and

Lucone, 1995; Yin et al., 1996).
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3.7. MethylMercury in the environment

Methylmercury in lake water does not nonnally exceed ten percent of the total

Mercury, except in lakes that undergo hypolimnic anoxia during the summer

stratification, where it can account for as much as 20 percent (Gobeil and Cossa, 1984;

Cossa, 1990; Driscoll et al., 1995; Langlois et al., 1995; Branfireun et al., 1996). In spite

of the low water concentrations, the mobility and bioavailability of methylmercury are

superior to those of inorganic Mercury. Furthermore, methylmercury is the Most readily

accumulated and the Most poorly eliminated fonn of Mercury, because of its lipophilicity

(preston, 1989; Yess, 1993). Methylmercury accumulation rates by most aquatic

organisms are influenced by the structure of the aquatic trophic chain and by chemical

factors such as pH, hardness, calcium and DOC concentrations, as weil as by

methylmercury contents in the water (Stoeppler and Matthes, 1978; Johnston et al., 1991;

Bloom, 1992; Miskimmin et al., 1992; Watras et aL, 1994; Matthews et al., 1995;

Branfireun et al., 1996).

In fish, methylmercury is a persistent contaminant, with a two-year residence time

(preston, 1989; Yess, 1993), and accounts for 85 to 95 percent of the total Mercury

(Gobeil and Cossa, 1984; Cossa, 1990; Bloom, 1992). Through bioaccumulation, the

concentrations of methylmercury are increased along the food chain (Jackson, 1984,

1988; 1993; Preston, 1989; Bloom and Emer, 1990; Panda et al., 1992; Gaudet et al.,

1995; Jones et al., 1995; Matthews et al., 1995; Gagnon et al., 1996). Consumption of

fish is the dominant pathway of exposure to methylmercury for wildlife and fish­

consuming humans (US-EPA, 1997). In the human body, the half-life of methylmercury

is 70 days, in contrast to 4 or 5 days for inorganic Mercury. Elimination of

methylmercury is slow and difficult, the predominant excretion route being faeces, after

partial demethylation. The areas primarily affected by methylmercury are the nervous

system and the liver. For inorganic Mercury, the kidneys are simultaneously the Most

affected area and the primary elimination agent (Thibaud, 1990).

3.8. The methylation process

Methylmercury concentrations are the net result of the concurrent processes of

methylation and demethylation, i.e., the production and degradation of methylmercury

20



r-··
(

from and to inorganic Mercury, respectively (Jackson, 1986, 1989; Ramlal et al., 1986;

Steffan et al., 1988; Zhang and Planas, 1993). So far no effective way of measuring the

rates of methylation or demethylation individually bas been devised (Compeau and

Bartha, 1984; Steffan et al.~ 1988; Verta et al., 1994).

ln natural waters and sediments~ methylation is primarily microbial (HoIm and

Cox~ 1974; Ramlal et al., 1986; Winfrey and Rudd, 1990; Oremland et al., 1991; Regnell

and Tunlid~ 1991; Jackson, 1993; Loucbouarn et al., 1993; Zhang and Planas, 1993; Verta

et al., 1994; Watras et al., 1994; Gilmour and Bloom, 1995; Matilainen, 1995; Oremland

et al., 1995), but cbeoùcal or abiotic methylation bas also been reported (Berman and

Bartha, 1986; Lee and Hultberg, 1990; Matilainen et al, 1991; Zhang and Planas, 1993).

pH May influence both the production of methylmercury and its partitioning between the

water and sediments (JoOOstoo et al., 1991). At low pH and high dissolved organic matter

concentrations, inorganic Mercury cao undergo very fast transformation into

monomethylmercury (Xun et al., 1987; Pfeiffer et al.~ 1991; Miskimmin et al., 1992).

Other factors affecting methylation rates include: temperature, concentration of total

Mercury, amount and type of available organic matter, redox potential (Eh),

bioavailability of nutrients, concentrations of sulfide and sulfate, physiographic

characteristics of the watershed~ type and size of the microbial community (Holm and

Cox~ 1974; Compeau andB~ 1983; Gobeil and Cossa, 1984; Jackson, 1984~ 1986~

1988, 1991, 1993; Berman and Bartha, 1986; Preston, 1989; Verta et al.~ 1989; Gilmour

and Henry~ 1991; Lucotte et al., 1992; BodalY et al., 1993; Louchouarn et al., 1993;

Ramlal et al., 1993; Choi and Bartha, 1994; DmYtriw et al, 1995; Driscoll et aI.~ 1995;

Mucci et al., 1995; Gagnon et al.~ 1996).

Notwithstanding the factors mentioned above, it is now weil established that the

concentrations of Mercury and methylmercury in runoff water are strongly correlated

with organic matter, especially DOC (Jackson~ 1988, 1991; Verta et al., 1989; Mierle and

Ingram~ 1991; Jemelov and Ramel, 1994; DriscoU et al., 1995; Hempel et al, 1995;

Hintelmann et al.~ 1995; Pettersson et al., 1995). DOC export to lakes bas already been

demonstrated to he strongly impacted by forest rrres and clear-cutting. There are several

types of dissolved organic carbon, among whicb the material responsible for lake water

color seems to he the most efficient Mercury carrier. Lake water color is often a better
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predietor than DOC, as it has been shown to better correlate to lake water and fish

concentrations of Mercury and methylmercury. According to Kolka et al. (1999),

particulate organic carbon (POC) is the main transporting agent of total Mercury in

watersheds, in spite of the importance of DOC.

4. Statement of the problem

In regions with no anthropogenic point source of mercury, aquatic environments

were traditionally believed to remain largely unaffected by Hg contamination. This idea,

however, is no longer accepted. In several of these remote aquatic environments, with

emphasis given to lakes in forested areas, tish tissue Mercury levels are so high as to

exceed the maximum limit of 0.5 mglkg for human consumption recommended by the

World Health Organization (WHO) (Meili, 1991a; Regnell and Tunlid, 1991; Bodaly et

aL, 1993; Louchouam et al., 1993; OMOE and OMNR 1993; Verta et al., 1994; Driscoll

et al., 1995; Langlois et aL, 1995; St. Louis et al., 1994a; Brantireun et al., 1996).

The contamination of remote lakes with Mercury has been associated with

atmospheric deposition of Mercury. Briefly, Mercury is transported from point sources

over long distances and is globally dispersed in the atmosphere. As indicated previously,

Mercury loading occurs through wet or dry deposition, either directly onto the lake

surface or indirectly through catchment drainage (Bloom and Watras, 1989; Verta et al,

1989; Iverfeldt, 1991; Lucone et al., 1992, 1995; Siemr and Langer, 1992; Swain et al.,

1992; Louchouam et al., 1993; Hultberg et al., 1994; Hintelman et al., 1995; Krabbenhoft

et aL, 1995; Mucci et al., 1995; Emteborg et aL, 1996; US-EPA, 1997). Surface runoff is

believed to contribute Most of the lake water Mercury contents, especially in association

with dissolved or particulate terrestrial organic matter (Evans, 1986; Mierle, 1990; Lee

and Iverfeldt, 1991; Meili, 1991a; Mierle and Ingram, 1991; Swain et al, 1992).

Concentrations of Mercury and methylmercury in lake waters are strongly

correlated to their dissolved organic carbon concentrations. Given that DOC export to

catchment lakes is modified by forest tires and clear-cutting, it would be reasonable to

expect that these perturbations affect the concentrations of Mercury and methylmercury

in lakes as weil. Additional factors probably affect the extent to which forest tires and

clear-cutting influence the contamination of lacustrine environments with Mercury and
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methylmercury. These factors include the hydrology and morphometry of the lake and

catchment area, water chemistry (pH, redox potential, nutrients, ionic concentrations,

dissolved oxygen contents), and physical variables, such as temperature and light

extinction coefficient.

s. Objectives

S.l. Determine the effects of forest tires and logging activities on the concentrations of

methylmercury in the water column of the lakes, both in the particulate and dissolved

fractions, and on the concentrations of total mercury in surficial bottom sediments.

S.2. Determine the differential effects of forest tires and clear-cutting using the

concentrations of the non-impacted watershed lakes as background reference levels.

S.3. Correlate methylmercury and total Mercury concentrations with morphometric

parameters of the lakes and/or their catchments within each treatment group.

6. Working hypothesis

Forest tires and clear-cutting affect the export of DOC and Mercury from forested

watersheds to lakes, and the concentrations of methylmercury in the water column of

these lakes. This is mediated by a commonly observed correlation between DOC and

methylmercury concentrations in lakes and the type and extent ofwatershed perturbation.
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ll-STUDY AREA

1. Physical description of the area

The study site consists of 38 headwater lakes located between 47°52'N and

48°59'N latitude, and between 73°24'W and 76°43'W longitude (Figure II.1). The lakes

cover an area of 40,000 km2 on the Canadian Shield and are centered on the Gouin

Reservoir, in the central region ofHaute Mauricie, in the Province of Quebec.

The region is underlain by granitic and metamorphic rocks (gneiss, mangerite,

and migmatite) covered by glacial tills. The tills derive mainly from local bedrock and

are non-calcareous, coarse-grained and poor in clay-sized particles. The average

thickness of the tills is about 2 meters, but they May be absent on sorne hilltops, or

exceed 10 meters in valleys. Soils are mostly ferric podzols (Clayton et al., 1978; De

Kimpe et al., 1980; Scott, 1980; Vincent, 1989; Environment Canada, 1992).

The lakes overlap the transition zone of boreal mixed and coniferous forests.

Catchments are forested primarily with yellow birch (Belli/a a/leghalliellsis), sugar maple

(Acer sacchanlm), balsam tir (Abies ba/samea), trembling aspen (Popu/us tremu/oides),

and black spruce (Picea mariana). Because of logging, tire and spruce budworm

(Zeiraphera canadensis) outbreaks, the Mean age of the forest is 50 to 60 years, but

occasionallyexceeds 100 years (payette et al., (990). Although there are wetlands in the

area (e.g., bogs, marshes, and beaver ponds), they account for less than 5 percent of the

drainage area of the studied lakes. The climate is continental, with a Mean annual

temperature of O°C, and Mean annual precipitation ranging from 800 to 1000 mm. Snow

accounts for 35 percentofthis precipitation (Atlas Climatologique du Québec, 1978).

2. Lake and catchment morphometry

The lakes have been seleeted according to the type and degree of watershed

disturbance, in order to produce three groups with similar distributions of morphometric

properties (Tables II.1 to II.4).
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(equation 112).

2.1. Definition of morphometric terms

LA: Lake area (km2
): Surface area of the lake under consideration.

LP: Lake perimeter (km).

LS: Lake slope (percent), obtained from bathimetric maps.

LV: Lake volume (10-3 km3
). The volume of the basin is the integral of the areas of

each stratum at successive depths from the surface to the point of maximum

depth (Wetzel, 1975).

Zmax: Lake maximum depth (m).

Zmean: Lake mean depth (m).

SO: Shore density or shoreline development: Ratio of the lake perimeter (LP) to the

circumference of a circle whose area is equal to the lake area (LA):

SO = LP 12 sqrt (1t * LA) (equation U.l).

Shoreline development (SO) reflects the potential for the development of littoral

communities in proportion to the lake volume. Circular Iakes approach the

minimum SO value ofunity (Wetzel, 1975).

Alt.: Lake altitude (m).

T: Lake water residence time (years).

CA: Catchment area (km2
): Area covered by lakes and surface runoff.

WA: Watershed area (km2): Area covered by the surface runoff; it cao be expressed as

the difference between the catchment area and the sum of lake areas:

WA=CA-~(LA)

WAlLA: Ratio of the watershed area to the lake area.

CP: Catchment perimeter (km).

DO: Drainage density (km/km2
).

CS: Catchment slope (percent), obtained from bathimetric maps.

LZS: Littoral zone slope (percent), obtained from bathimetric maps. The littoral zone

was delimited between 0 and 2 meters.

Q: Water flow (10-3 km3/year): 0.513 rimes the catchment area given in square meters.

CSL: Catchment stream length (km).

26



(

-~--------~

3. Experimental design

Initially the experimentaI design consisted of:

• 9 lakes that had 7.5% to 96.4% of their catchment areas clear-eut in 1995 (Table II.5);

• 9 lakes that had 50% to 100 % of their catchment areas affected by maxi mum

intensity tires in 1995 (Table II.6)~

• 20 reference lakes (null treatment), whose catchment areas had remained undisturbed

for at least 70 years. Reference lakes were selected using provincial vegetation maps.

During the winter of 1997-98~ four of the former reference lakes (NI06~ NI0?,

P25, PII0) had their watersheds logged. In addition~ the watershed area of lake C2,

which had already been eut in 1995, underwent additional logging. The percent of

logging as of May 1998 is given in Table II.7.
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1. Water column sampling for methylmercury analysis

Water column samples were collected in September 1997 and in May 1998. The

reason for choosing these two periods was to represent two contrasting seasons: early

spring (May), after the snowmelt, and late summer (September). In September, sampling

was performed at one or two depths, depending on lake water column stratification.

When the water column was homogeneous, as determined from the temperature or

oxygen profiles, only one sample was taken at mid-depth. When there was strong

stratification, one sample was collected at 1 meter below the surface (in the epilimnion),

and another in the minimum oxygen zone or hypolimniurn. In May 1998, only one water

sample was collected from each lake, at mid-depth, as the water column was assurned to

be weil mixed after the spring thaw and before the onset of summer thermal stratification.

Ali May 1998 samples and sorne of the September 1997 water sampies were filtered on

site. Filtered and unfiltered water samples were stored in 250-ml Teflon PFElFEP bottles

provided with 24-mm Tefzel ETFE screw closure lids.

Sampi ing was perfonned by personnel frorn the University of Montreal. The

procedure was carried out in the absence of dust and with polyethylene gloves to avoid

contamination. Ail samples were collected from the pontoon of a hydroplane, using a

Masterflex Easy-Load hand-operated peristaltic pump model 7529-80. Connected to the

pump was a silicone-peroxide tube, previously washed with 10% HCI (about 2N) and tap

water. This tube was lowered to the desired depth in the lake water column, fastened to a

meter-scaled polyethylene cable. At each sampling site, the silicone-peroxide tube was

flushed with ambient water at a flow rate of 1-2 liters per minute. The sampling bottles

(and their lids) were equally rinsed with ambient water and then fi lied, allowing for

headspace gas. Tightly closed, the bottles were inserted in a clean, identified Ziploc bag.

Filtration was performed in the field, using a 47-mm Teflon PFA in-line filter­

holder and pre-weighed EPM 2000~ filters with 0.30 I-lm pore size. The filter-holder was

rinsed with ambient water at each site, both before and after use. Filtration was carried

out until the filter was clogged with the suspended particulate matter (SPM), i.e., the

material retained. The volume of filtered water ranged from 750 ml to 10.1 liters and was

measured by means of a 1000-ml graduated cylinder, before being transferred to the
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rinsed storage bottle.

2. Filter processing prior to the methylmercury analysis on the SPM

The filters, on which the SPM was isolated, were removed from the filter-holder

using tweezers. They were stored in sterile Petri dishes (5Ox9 mm, Gelman Sciences) and

immediately frozen. In the laboratory, they were freeze-dried for approximately 48 hours

and re-weighed. The difference in weight, Le., the dry weight of SPM, was divided by the

volume of filtered water, in order to obtain the concentration of SPM in the water column

at each sampling depth. The purpose of freeze-drying was determining the SPM dry

weight, at the same time as stopping the bacterial methylation and demethylation

processes (Emteborg et al., 1996). Heat drying, as an alternative for water removal, is not

appropriate for preserving the methylmercury concentrations.

Total carbon (~C) and total nitrogen ŒN) contents were measured on sub­

samples of the filters, using a Carlo-ErbaTM Elemental Analyzer, with a detection limit of

approximately 0.1% C and <0.05% N by weight (Bono, 1997), and a reproducibility

around 5%. These measurements were carried out at GEOTOPIUQAM.

Methylmercury was extracted from the binding sites of the suspended particulate

matter (Rorvat et al., 1990; Horvat et al., 1993a) with 5 ml of an alkaline solution (i.e.,

25% KOH-methanol) and 24-hour wrist-action shaker agitation. The alkaline extraction

solution was prepared by dissolving 25 g of KOH (American Chemicals) in 20 ml of

acetone-free methanol (American Chemicals) and completing the volume to 100 ml with

tap water. Over the past decade, recoveries close to 100% have been reported from

intercomparison exercises and from the analysis of certified reference material directly

after alkaline digestion. This indicates that this extraction procedure efficiently releases

Mercury compounds (Horvat et al., 1993a; Liang et aL, 1994, 1996). Methylmercury

analysis was carried out within two days of the extraction, in order ta prevent loss of

methylmercury by decomposition and re-adsorption onto the particulate matter

(Haraldsson et al., 1989; Horvat et aL, 1993b).

3. Distillation of the water samples

Due to low ambient concentrations, methylmercury usually needs to be
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concentrated from the original sample by an extraction step prior to analysis. This

extraction procedure aIso isolates the methylmercury from interfering matrix components

such as those of dissolved sulfide and organic matter (Haraldsson et al.~ 1989; Lee and

Mowrer, 1989; Siriraks et al., 1990; Horvat et al., 1993a; Bloom and Vondergeest~ 1995;

Liang et al.~ 1996). Methylmercury was extracted ftom the water samples prior to the

analysis by means of distillation, so eliminating the organic matter, which could interfere

with the ethylation reactÏon. Without the extraction, the concentrations of methylmercury

could be underestimated because of its strong affinity for dissolved organic carbon

(Horvat et ai., 1993a,b; Bloom et ai., 1995). Water sample distillation was carried out

according to the method of Horvat et ai. (l993a,b). This method is very efficient,

consistently giving high recoveries (80-95%), but requires careful attention to the purge

gas flow pressure/rate and the completeness of the distillation {Horvat et al., 1993b).

Methylmercury distills approximately azeotropically with water, resulting in a

solution very easily and reproducibly analyzed by the ethylation/ gas-chromatography/

CVAF spectrometric method (Bloom~ 1989; Bloom and Vondergeest, 1995). Distillation

is also effective in separating methylmercury from inorganic Mercury and

dimethylmercury. Even if other mercury compounds are distilled~ their concentrations in

the distillate are always much lower than before distillation, by no means impairing the

accuracy of the methylmercury determination (Horvat et al., 1993a,b).

The distillation system (Figure m.l) consisted of twelve 60-ml midget impingers

and twelve 120-ml receiving containers, ail in Teflon PFA. Each impinger was linked to a

receiving container by means of Teflon FEP tubing (3/16xl/4x1/32")~ and both

containers were equipped with 2-port transfer caps (Savillex). The twelve impingers were

inserted in an aluminum solid block stand, which was heated to 110°C by means of a

Thermix 210T stirring hot-plate (Fisher Scientific). At 110°C, the water and

methylmercury in the sample were vaporized, leaving the organic matter and other

solutes behind, and carried along the Teflon tubing into the receiving containers~ where

they condense. Higher temperatures might cause decomposition of the methylmercury

and were, for this reason~ avoided. The temperature was constantly monitored with a

Mercury thermometer. Mercury-ftee argon (Matheson) served as the carrier gas and was
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Figure IILI. Distillation system.

('"
.:....

1. Thermometer.
2. Solid block stand.
3. Stirring hot-plate.
4. Argon gas flowmeter.
5. Teflon tubing (for argon).
6. Argon gas ditribution splitter.

7.Impinger.
8. Argon inflow (teflon tubing).
9. Outflow to receiving container (teflon tubing).
10. Receiving container.
II. Input from impinger (teflon tubing).
12. Ice-cooled water bath.
Arrows indicate the direction ofargon tlow.
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kept flowing from the impingers to the recelvlng containers with a pressure of

approximately 40 mm. At lower pressures, the efficiency of the distillation decreased

significantly, because the fluid was not adequately transported along the system.

Conversely, at higher pressures, the sample would flush through the Teflon tubing in the

liquid instead ofgaseous state, which was also undesirable (Horvat et al., 1993a).

Three samples were distilled simultaneously, each divided into four 55-ml

aliquots. In order to improve methylmercury recovery, 44 mg of KCI and 1 ml of SM

H2S04 were added to each aliquot (Horvat et al., 1993b; Bloom and Vondergeest, 1995;

Emteborg et al., 1996). This amount of KCI is added in order to obtain a final chloride

concentration of o.OS% (Horvat et al., 1993b). The distillation was allowed to proceed

until 85-90% of the initial volume of the aliquot was transferred to the receiving

containers. Beyond that point, methylmercury might decompose, and undesired

substances, such as inorganic Mercury, can usually be transferred to the receiving

containers. This May lower the pH of the distillate, affecting the ethylation step of the

analysis (Horvat et al., 1993b).

Once the distillation of each set of three samples was completed, the distillation

apparatus was cleaned in order to avoid the contamination of subsequent samples.

Cleaning was carried out by tlushing the system tirst with 20 ml of a 4% Hel solution

(10 ml ofHCI in 240 ml oftap water) and then with tap water at 110°C. Argon was again

the carrier gas, at a pressure of 40 mm. The time required for completing the distillation

ofthree samples, including the cleaning procedure, ranged from 9 to 14 hours. The Mean

efficiency of the distillation, measured in terms of methylmercury recovery from

analyzed standards, was 89%.

The receiving containers were kept immersed in an ice-cooled water bath, and the

distillates were stored in Teflon FEP and/or PFA bottles, under refrigeration and in the

dark. Under such conditions, methylmercury is stable for at least two weeks, as thermal

and photodecomposition are minimized (Rorvat et al., 1990, 1993b). In order to avoid

these and other problems with sample preservation, such as the risk of contamination,

loss of Mercury by volatilization and absorption to the walls of the container (Stoeppler

and Matthes, 1978~ Gill and Fitzgerald, 1987~ Haraldsson et al., 1989; Lansens et al.,

1990), samples were distilled and analyzed as soon as possible. Another potential
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problem is the loss ofmethylmercury due to the presence ofhumic substances, especially

imponant in the case of unfiltered samples. Lee and Mowrer (1989) found that

approximately 15% of the methylmercury in a sample containing humic matter were lost

after 2-month storage.

4. Methylmercury analyses: water and SPM

Ail methylmercury analyses were performed according to the method of Bloom

(1989), using aqueous-phase ethylation, room temperature trapping and pre-collection,

gas-ehromatographic separation and cold vapor atomic fluorescence (CVAF)

spectrometric detection. This method is remarkably more sensitive and has several other

advantages compared to other techniques (Bloom, 1989; Liang et al., 1994). The primary

advantage is the easy isolation of methylmercury from the sample matrix by simply

purging its volatile ethylation product, methylethylmercury (Liang et al., 1996). A

Model-2 CVAF spectrometer (Brooks Rand), whose design and installation is detailed by

Bloom and Fitzgerald (1988), was used. The output signal of the spectrometer was

transferred to a signal integrator: a Hewlett Packard Integrator model 3390A, for the SPM

analyses, and a Toshiba 133 MHz Pentium laptop operating the Low Cost

Chromatography (LCC) Data Acquisition System software, Windows version 1.4

(Analytical Instrument Systems), for the water sample analyses.

Aqueous-phase ethylation was carried out in a 250-ml flat bottom flask with a 2­

pon transfer bubbling-tube-cap (pyrex). The cap was connected on one side to a gold­

coated sand-trap column, and on the opposite side to a quartz-glass trapping column

containing about 100 mg of Tenax TA (20/35 mesh, Alltech). The Tenax TA was held in

place by silane-treated glass wool (Supelco Canada). The construction of the trapping

column is described in Liang et al. (1994). Mercury-free argon at a pressure of 30 mm

was intermittently channeled through the system. Ail connections were made of Teflon

(Figure m.2).

The ethylation reagents comprised tap water, sodium-acetate buffer, sample
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Figure III.2. CVAFS analytical system.

1. To argon flow.
2. To electrical outlet.
3. Rheostate.
4. Argon gas valve.
s. Tenax column.
6. Injection.
7. Chromatographie column.
8. Quartz column.
9. Fluorimeter.
10. Argon gas flowmeter.
Il. To integrator.
Arrows indicate the direction ofargon gas flow.
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extractldistillate, and 1% sodium-tetraethyl-borate (Strem Chemical), added to the flask

in this sequence. Tap water was used instead of Nanopuref) because in our facilities the

former has been shown to contain less Mercury. The sodium-acetate buffer was prepared

by dissolving 27.17 g of sodium acetate and 11.83 ml of glacial acetic acid into sorne tap

water and completing the volume to 100 ml with tap water. The amount of buffer should

suffice to keep the pH of the ethylation solution within the optimal range of 4.5 to 5.0

(Rorvat et al., 1993a; Liang et al., 1994). At lower pH, interferences May result in low

methylmercury recovery (Horvat et al., 1993a,b). Other parameters affecring the

ethylation include reaction temperature and time, purge gas flow pressure/rate, purge

rime, and concentration of the ethylation agent (sodium-tetraethyl-borate). The optimal

reaction temperature range is 20° to 30°C. Lower temperatures require longer reaction

times (Liang et al., 1994).

Analytical details, such as the precise amounts of reagents and the reaction and

purge tîmes, differed between the SPM and the water sample analyses. For the analysis of

methylmercury in the distilled water samples, these amounts were 100 ml of tap water,

200 Jl.1 of sodium-acetate buffer, 40 ml of sample distillate, and 100 ~ll of a 1% sodium­

tetraethylborate solution. The reaction was allowed to proceed for 12 minutes, and the

purging with argon for another 12 minutes. For the analysis of methylmercury in the

SPM, the ethylation reaetion was performed with 100 ml of tap water, 700 J.ll of sodium­

acetate buffer, 250 f.ti of the extract, and 100 fll of sodium-tetraethylborate. The reaction

was allowed to proceed for 10 minutes before purging with argon for 15 minutes. Stirring

should be continuous in both cases.

Ethylation produets consist of ethylmethylmercury and diethylmercury, which

derive, respectîvely, from reactive methylmercury and inorganic mercury contained in the

sample. The ethylmethylmercury and the diethylmercury both adsorb onto the Tenax

contained in the quartz-glass column. This trapping column is then purged dl)' with argon

gas at a pressure of 30 mm during ten minutes. This eliminates traces of water, which

May strongly interfere with the subsequent processes of chromatographie elution and

CVAF spectrometrie detection (Rorvat et al., 1993a). Once dry, the Tenax column is

transferred to the analytical system and heated to 200°C for approximately five minutes.

At this temperature, the ethylated Mercury species desorb from the Tenax. Higher
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temperatures May cause thermal decomposition of the organo-mercury species. Swept

into the chromatographie column by argon gas, ethylmethylmercury and diethylmercury

are isothermally (85°C) separated according to their boiling points (Liang et al., 1994).

These two species are then individually carried into a quartz column at soooe, where

they decompose, producing elemental Mercury (HgO). The resulting elemental Mercury is

deteeted by the fluorimeter as two separate signais. One signal corresponds to

diethylmercury derived from elemental Mercury, while the other corresponds to

ethylmethylmercury produced from monomethylmercury. Each signal is integrated into a

peak, whose area is proportional to the mass of Mercury contained in the respective

ethylated species. A known amount of inorganic Mercury vapor is injected into the

system in order to generate a peak used for internai calibration. By knowing the peak

areas and the mass of the injected inorganic Mercury, the masses of Mercury contained in

the methylethylmercury and the diethylmercury peaks can be calculated. Assuming aIl

methylethylmercury present is derived from the methylmercury originally contained in

the sample (Le., there is no contamination or loss of methylmercury along the procedure),

the calculated rnass of Mercury in the form of methylethylmercury is the same as in the

original sample aliquot used.

Each sample was analyzed at least three times, or until a reproducibility of better

than 15 percent was obtained. The percent error (Table 1V.7) was calculated as the

averaged percent deviation of each replicate from the Mean of ail replicates. Blank tests

were run at the beginning of each analysis session. Methylmercury chloride standards of

known Mercury concentrations were periodically analyzed following the same procedure

used for the distilled samples in order to ensure the proper performance of the system.

The ethylation reagents, in this case, comprised 1 ml of methy1mercury chloride standard

working solution (1 ng/ml ofmercury), 100 ml oftap water, 200 IJ.I of the sodium-acetate

buffer solution and 100 IJ.I of the 1% sodium-tetraethyl-borate solution added in this

order. The standard working solution was prepared daily through a three-step dilution

process starting with a methylmercury chloride standard stock solution of 1 mg/ml

concentration. In each of the three steps, the solution was diluted 100 times and acidified

to 0.5% HCI (American Chemicals), reaching a final concentration of 1 ng/ml of mercury

as methylmercury chloride. Both the stock and working standard solutions were kept in
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the dark to prevent photodecomposition of the methylmercury chloride (Horvat et al.,

1990).

The detection limit (minimum detectable concentration) of mercury for the water

and the SPM analyses was, respeetively, 2.8 ng/I and 4.3 ngll (1.2 ng Hg/g SPM). The

detection limit is detennined by variations in the blank and is calculated, as

recommended by the IUPAC method, as the Mean methylmercury concentration of the

blank (0.42 ng/l and 0.23 ngll of mercury as methylmercury, respectively, for water and

SPM) plus three times its standard deviation (Winefordner and Long, 1983; Haraldsson et

al., 1989; Horvat et al., 1993b).

5. Total mercury in the bottom sediments

Surticial bottom sediments were sampled from ail lakes in July 1997. The

samples were collected with a box corer, which was slowly lowered by hand to the

bottom of the lake while depth was recorded. The surface floc was removed from each

sediment core with a 60-cc syringe and homogenized by shaking. The homogenate was

transferred to a pair ofpre-weighed scintillation vials. These vials were tightly closed, so

as to prevent water loss by evaporation and were re-weighed.

One vial was frozen, freeze-dried for 48 hours, and weighed once again for water

content determination (99.88±0.05). The remaining solids in this vial were analyzed for

total carbon (Le) and total nitrogen (~ contents. These two detenninations were

carried out at GEOTOPIUQAM, using a Carlo-Erba™ Elemental Analyzer, with a

detection limit of approximately 0.1% C and <0.05% N by weight (Bono, 1997), and a

reproducibility of 5%. The content of the other vial was divided into 5-10 g subsamples,

which were acid-digested in Teflon reaetors (Savillex) with a 10: 1 HN03-HCI mixture

and then analyzed for total Mercury at Centre Saint-Laurent (Dr. B. Quémerais and M.

Benoit Fortin).

The total Mercury analysis was perfonned in two stages: pre-concentration and

detection. The preconcentration step consisted of dissociating Mercury from its organic

complexes by oxidation with BrCl (Quémerais and Cossa, 1995). Bromine monochloride

(BrCl), apart from being contamination-free, is an excellent oxidant and preservative for

total mercury in freshwater material, working faster and more efficiently than other
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oxidants (Szakâcss et al., 1980; Bloom and Crecelius, 1983). Resulting mono- and

divalent Mercury forms were then reduced into elemental Mercury with SnCh.

Hydroxilamine was finally added in order to neutralize the 8rCI, since trace amounts of

Br interfere with Mercury trapping (Quémerais and Cossa, 1995). Detection was achieved

with CVAF spectrometry, as described for the water sample distillates and SPM extraets.

6. Waterchemistry

The water chemistry of the lakes was charaeterized in detail by other projeet

participants (Carignan et al., 1999; Planas, 1999). Briefly, the lakes were sampled in

June, July and September 1996, June, July and September 1997, and May, July and

September 1998. Duplicate water samples for chemical analyses were taken with a

flexible PVC tube from the bottom of the euphotic zone (1% of the incident Iight).

Dissolved organic carbon (DOC) and nitrate:

Water collected for dissolved organic carbon (DOC) and nitrate (N03-) analyses

was filtered within 6 hours of sampling using O.45-J..lm pore size pre-washed Gelman

Supor membranes. The DOC concentrations were measured with a high temperature Pt­

catalyzed Shimadzu TOC-SOOO analyzer.

Nitrate was determined within 48 hours of sampling by an automated colorimetrie

method following reduction on a Cd column (Lachat method No. 10-107-04-1-8). Total

phosphorus levels were determined after autoclaving 50-ml sample aliquots with 0.5 g of

potassium persulfate for 45 minutes at 120°C.

Sulphate:

Sulphate was analyzed by ion chromatography (Dionex DX-SOO). Alkalinity,

obtained from Gran titration (Stumm and Morgan, 1996), and pH were measured on air­

equilibrated water sampIes within 48 hours of collection with a double junction electrode

(Carignan et al., 1999).

ChlorophylI-a:

Chiorophyll-a determinations were performed at GEOTOPIUQAM (Dr. D.
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Planas). For each sample~ SOO-ml a1iquots were filtered in subdued Iight on Whatman

GFC tilters. These filters were wrapped in aluminum foil and, after freezing to -30°C,

were extraeted with hot ethanol (Sartory and Grobelaar, 1984; Nusch, 1980). Pigment

absorbance was read at 665 and 750 nm both before and after acidification (planas,

1999).

7. Statistical analyses

The three treatment groups of lakes were carefully chosen not to differ

significantly in terms of lake and catchment morphometry. Therefore~ ail observed

differences in group Mean concentrations of Mercury in the sediments, methylmercury in

the dissolved and particulate (SPM) forms, and water chemistry in general can be

attributed to the effects of forest tires (lakes of the bumt group) and clear-cutting (Iakes

of the logged group) in relation to the reference, undisturbed state (control group).

However, minor variations in morphometry and inferred hydrology exist within each

group~ i.e.~ there are physiographic differences among lakes (and their respective

watersheds) within a same treatment group (refer to Tables III through nA). These

differences can be held responsible for the within-group variation of the chemical

properties of the lake waters. This variabil ity can be expressed either as a group variance

or standard deviation~ or as the standard deviation of the Mean (standard error), which

was the form used in this study. Consequently, the effects of clear-cutting and forest tires

upon the water quality of the lakes can be analyzed at two levels: among-group

differences, and within-group differences.

7.1. Among-group differences

Among-group differences were statistically tested by one-way analysis of

variance (ANOVA), which consists of calculating group means and their respective

probability of occurrence in a normal population. This probability of occurrence, known

as the p-Ievel, should be compared against the arbitrarily chosen a-level. To the

confidence level of9S% used in this study, corresponds an a-Ievel of 5%, or 0.05. In this

case, if the probability of occurrence of each group mean falls within the confidence level

(p>a), ail groups are said to come from the same population, Le., their means are not
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significantly different in statistical terms. However, if one of the group means shows a

very small probability of occurrence (Le., p<a.), that group is said to be significandy

different from the other two. In order to apply one-way ANOVA to group means, group

variances (variance of the data within each group) must be homogeneous, Le., they must

not differ significantly, in statistical terms, when tested with one-way ANOVA. If the

variances differ significantly at the chosen confidence level (i.e., p<a), the data in aIl

groups must be numerically transformed. Different transformations (e.g., logarithmic,

reciprocal, square root) should be tested, and the one that best homogenizes the variance

should be used. Logarithmic transformation was applied to the DOC concentrations in the

water column in September 1997 in order to make their variances less heterogeneous.

This was necessary because variation within each group was proportional to the

respective group Mean.

7.2. Within-group differences

A forward stepwise regression model was developed relating each lake water

quality variable analyzed (i.e., rnethylmercury in the SPM, dissolved methylmercury,

total Mercury in the surficial bottom sediments), to morphometric parameters of the lakes

and their catchments (see II.2.1 for definitions). These parameters were considered as

independent variables (i.e., collinearity was not accounted for), although several of them

are actually related, such as lake and catchment dimensions (area, volume, perimeter,

depth) and measurements conceming hydrology (e.g., residence time, flow, drainage

density, siopes). A forward stepwise regression model was also developed relating the

dissolved methylmercury concentrations to chemical parameters (e.g., DOC, total

nitrogen, total phosphorus, and pH) in the water column. The calculated Pearson's

determination coefficients are presented in Tables IV.12, IV.I3, IV. 14, and IV.I5. The

significance of each morphometric parameter towards the respective regression model

was determined by comparing the calculated p-signiticance level against the chosen a­

level of 0.05 (95% confidence interval). A given parameter was considered significant

when p<a. When p was between 0.05 and 0.07, the parameter was reported as close to

significant with respect to the regression morlel.
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IV-RESULTS

A. Among-group differences

1. September 1997

1.1. Suspended particulate matter (SPM)

The concentrations of suspended particulate matter (SPM) and its carbon-to­

nitrogen (CIN) moIar ratios and associated MeHg concentrations are given in Tables

IV.I~ IV.2 and IV.3, respectively for the logged, the burn~ and the reference groups. The

depth in the lake water column at which each sample was collected is also given.

Averaging the results of alliakes in each group~ we obtain the following values:

• Mean SPM concentrations: 6.1 mg/I in the logged~ 4.7 mgll in the burn~ and 5.2 mgll

in the reference groups (Figure IV. 1);

• Mean C/N molar ratios: 12.4 in the logged, 11.6 in the bumt~ and 11.8 in the

reference groups oflakes (Figure IV.2);

• Mean MeHg concentrations in the SPM: 0.70 nmole/g dw in the Iogged~ 0.96 nmole/g

dw in the bum~ and 0.88 nmole/g dw in the reference groups of lakes (Figure IV.3).

These group Mean values were not significantly different in statistical terms at the

95% confidence level (significance level p > 0.05). The difference was still insignificant

when comparing only the bumt against the reference or the logged against the reference

groups. For the logged group, the difference remained insignificant even when only those

lakes whose watershed area was over 40% logged were considered. The absence of

significant among-group differences indicates that the time elapsed since the

deforestation disturbance may not have been sufficient for the observation of its full

effects upon the water column SPM.

Comparing the epilimnion and hypolimnion samples, SPM concentrations were

usually higher in the epilimnion than in the hypolimnion (Figure IV.4). In contras~ the

C/N molar ratios were lower in the epilimnion than in the hypolimnion for all lakes,

except one belongi ng to the logged group (lake C29) and one lake of the reference group

(lake N120) (Tables IV. 1 through IV.3)~ although the C/N ratio values for these two lakes

do not greatly differ from the others, the difference lying within analytical error. One

possible reason for the lower C/N molar ratios in the epilimnion (photic zone) is the

presence of live material, which has a low C/N ratio, as a component of the SPM. Since
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biological production is restricted to the photic zone, the presence of living organisms in

the SPM of the hypolimnion would be comparatively negligible. MeHg concentrations in

the SPM are larger in the epilimnion than in the hypolimnion in the bumt group of lakes.

Conversely, for the reference and the logged groups of lakes, the SPM is richer in MeHg

in the hypolimnion than in the epilimnion (Figure N.S).

1.2. Methylmercury in the water samples

The dissolved MeRg concentrations in the water samples colleeted in September

1997 are reported in Table IV.4. Concentrations were always larger in the filtered water

samples than in their unfiltered analogues, whenever both were available. Since the

author did not take part in the fieldwor~ it is possible that samples were contaminated

during filtration or in another stage of the field processing. In order to circumvent this

problem, the methylmercury contributed by the SPM was subtraeted from the

concentration in the unfiltered water sample. This should provide a good approximation

to the dissolved methylmercury concentration in the water samples.

1.3. Dissolved organic carbon (DOC)

Mean DOC concentrations in the water column (Table IV.S; Figure IV.6) varied

among the three groups of lakes in the following order: logged (7.4 mg/I) > bumt (6.4

mgll) > reference (5.1 mgll). The three treatment groups were significantly different at

the 95% confidence level for the naturallogarithms of the DOC concentrations (p=O.OI4

< 0.05). The fact that mean water column DOC is highest in the logged group of lakes is

directly associated with the greater abundance of onsite post-Iogging residue to be

degraded. This degradable material and ilS decomposition products (mainly DOC) are

carried along the clear-cut watershed with surface runoff towards the receiving lakes.

Since only one measurement was taken in each lake, it was impossible to compare its

depth dependence, more specifically differences between epilimnion and hypolimnion.
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C. SPM in the water column - September 1997
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MeHg in the SPM in Sept8mber ~997
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1.4. Other elements and ions

Table IV.6 shows group mean concentrations of sodium, potassium, calcium,

magnesium, chloride and sulfate ions in lake waters collected in September 1997. Mean

concentrations of ail ions, except sodium, were higher in the bumt group than in the

logged group of lakes. Mean concentrations were lowest in the reference group of lakes

for ail of the above ions, except sulfate (0.84 mg/l in the reference group and 0.80 mg/l in

the logged group of lakes) and calcium. For the latter, concentrations in the logged group

(0.43 mg/Il and the reference group (0.42 mg/l) were practically the same in view of the

0.01 standard error of the Mean. Mean concentrations of total nitrogen, ammonium and

nitrate were highest in the bumt and lowest in the reference groups oflakes.

Mean hydrogen ion concentrations were O.79 ~leq/l in the logged, 0.54 f,.leq/l in the

bumt, and 0.74 f,.leqll in the reference groups of lakes. These concentrations correspond to

mean pH values of6.18 in the logged, 6.56 in the bumt, and 6.20 in the reference groups

of lakes. The differences in group Mean pH values were not statistically significant at the

95% confidence level (p>0.05).

2. May 1998

2.1. Methylmercury in the filtered water samples

In May 1998, ail lakes had their water column sampled, except two in the

reference group (Le., N16 and N35) which were not accessible to the hydroplane. One

logged lake sample (C9) was lost due to analytical problems in the laboratory. The

concentrations of dissolved MeHg were significantly higher in the logged (22.8 pmole/l)

than in the bumt (9.3 pmole/l) and reference (10.5 pmole/l) groups of lakes (Table IV.7;

Figure 1V.7). The Mean methylmercury (MeHg) concentration in the logged group is

significantly higher than in the two other groups. Outliers N82 and N84 were excluded

from the reference lakes for the calculation of the mean and variance, due to their large

deviations from the Mean. These deviations probably resulted from contamination during

sample processing.
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2.2. DOC

Mean DOC concentrations in the water column in May 1998 (Table 1V.8; Figure

1V.8) followed the same pattern as in September 1997, i.e., logged (6.4 mgll) > bumt (6.1

mg/l) > reference (4.9 mgll). Again the higher mean DOC concentrations in the water

column of the logged group of lakes is associated with the greater availability of residual

matenal on clear-cut areas and the increased surface runoff. The logged (p=O.158) and

the bumt (p=O.135) groups did not differ signiticantly from the reference group at

0.=0.05. However, when the lakes whose watersheds were less than 40% logged were

excluded from the analysis, the difference between the logged and the reference groups

became significant (p=0.031). Compared to September 1997, DOC concentrations in

May 1998 are generally lower, which may be attributed to lower temperatures and

increased discharge in May (spring) than in September (summer).

2.3. Other ions and elements

Group Mean concentrations of potassium, calcium, magnesium, chloride and

sulfate ions in lake waters collected in May 1998 were highest in the bumt group and

lowest in the reference group of lakes. Mean sodium concentrations were highest in the

logged group and lowest in the reference group oflakes (Table IV.9). Lake water column

concentrations of total nitrogen, ammonium, and nitrate were higher in May 1998 than in

September 1997 for ail three groups. Nevertheless, they follow the same trends, with the

highest concentrations observed in the bumt group and the lowest ones in the reference

group of lakes.

Mean hydrogen ion concentrations were 0.71 J.leq/l in the logged, 0.60 J,leq/l in the

bumt, and 0.77 J.leq/l in the reference groups. These concentrations correspond to Mean

pH values of6.19 in the logged, 6.28 in the bumt, and 6.16 in the reference groups of

lakes. The differences in group Mean pH values were not statistically significant

(p>O.05). This is consistent with the observations of September 1997.
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Dissolved MeHg-Hg concentrations .... May 1998
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Total mercury in the sediments recovered in July 1997
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3. Total Mercury in the sediments recovered in July 1997

Individual surficial lake bottom sediment C/N molar ratios and total Mercury

concentrations are given in Tables IV.I0 and IV.ll. Figure IV.9 shows the Mean

concentrations of total Mercury in the surficial (floc) lake bottom sediments of each

treatment group: 0.10 nmolelg dw in the logged, 0.06 nmolelg dw in the bum~ and 0.14

nmolelg dw in the reference groups oflakes. Figure IV.I0 shows the group Mean carbon­

to-nitrogen molar ratios of the sediments: 19.4 in the logged, 17.3 in the bumt, and 16.8

in the reference groups of lakes. The differences among group means were not

statistically significant at the 95% confidence level.

B. Within-group differences

1. Morphometric parameters

1.1. Methylmercury in the SPM

Reference: For the reference lakes, two morphometric parameters contribute

signi ficantly to the stepwise regression model. These two are lake area (p=0.042) and

lake perimeter (p=0.032). If taken individually (although, as mentioned above, they are

not truly independent variables), they would explain 11.6% (r=0.340) and 13.00A»

(r=0.361), respectively, of the variation in SPM methylmercury contents. A third

parameter, lake volume, came close to significance, with p=0.055 and r=0.315.

Logged: For the logged group, although catchment areallake area and residence

time explain larger proportions of the variability than the remaining parameters, their

contribution is not statistically significant (p>O.05). [nstead, 13 parameters together

uniformly explain 45 % of the variation, with Pearson's correlation coefficients (r)

ranging between 0.1 and 0.3, negative or positive. These parameters are: lake altitude,

lake area, lake perimeter, latitude, Mean littoral slope, longitude, lake maximum depth,

lake Mean depth, shore density, sampling depth, sum of wetland areas, Mean catchment

siope, lake volume.

Bumt: For the bumt groups of lakes, although lake Mean slope explains more of

the variability (r=0.40l) than any other parameter, its contribution is not statistically

significant (p>0.05). This is because 12 other parameters uniformly share 44 % of the
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variation, with individual Pearson's correlation coefficients ranging between 0.1 and 0.3,

again negative or positive. These 12 parameters are: watershed areal lake area, drainage

density, lake area, lake perimeter, latitude, Mean littoral slope, longitude, shore density,

sampling depth, catchment perimeter, Mean catchment slope, lake volume.

Ail: Including ail lakes in the regression Madel, Mean catchment slope is the only

significant morphometric parameter (p=0.037), explaining alone 25.1% of the variability

in methylmercury concentrations in the SPM.

1.2. Dissolved MeHg concentrations in lake water column (May 1998)

Reference: For the reference lakes, three parameters contribute significantly to the

stepwise regression model. These are, in increasing order of significance (decreasing p­

significance level): Mean littoral slope (p=0.043), maximum depth (p=0.040), and Mean

depth (p=0.016). Alone, Mean depth would explain 33.2% of the variability in the

dissolved MeHg concentrations (r=O.576) of the reference lakes.

Logged: For the logged group of lakes, although four morphometric parameters

(namely drainage density, Mean littoral slope, lake maximum depth, and lake Mean

depth) seem to significantly contribute to the regression model, none of them is

statistically significant (p>0.05). The reason for this is the fact that 14 other parameters

have Pearson's correlation coefficients (r) ranging between 0.1 and 0.3 (negative or

positive), indicating the variability is uniformly distributed among these morphometric

parameters. Drainage density (r=0.466) is the parameter c10sest to statistical significance

(p=0.063).

Bumt: For the bumt group of lakes, littoral siope (r=0.57) and drainage density

(r=O.54) are almost significant, with (p=0.07 and p=O.08, respectively).

Ail: When ail lakes are included in the regression model, only littoral slope

(p=O.026, r=O.337) and Mean depth (p=0.045, r=0.295) become significant.

1.3. Total Mercury concentrations in the surficial bottom sediments

Reference: For the reference lakes, no morphometric parameter is statistically
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signifi cant.

Logged: For the logged group of lakes, the only significant parameter is the ratio

ofwatershed area to lake area (p=0.016), which alone would explain SO.3% (r=O.709) of

the variability in total Mercury concentrations, again showing the importance of surface

runoff.

Bumt: For the bumt group, the following parameters are significant (given in

order of decreasing significance, i.e., increasing p-level): watershed area (p=O.OOI),

catchment area, stream length, water tlow (p=0.002), catchment perimeter (p=0.004),

sum of wetland areas (p=O.007), and altitude (p=O.042). A model including catchment

area alone would explain 79.2% of the variance of sediment total Mercury contents

(r=O.890), whereas a model including only watershed area would explain SO.S°t1J of the

variability (r=O.897).

Ali: Including ail lakes in the stepwise regression model, Mean depth is the only

significant morphometric parameter (p=O.048). The negative contribution of altitude is

nearly significant (p=O.OS2).

2. Lake water chemical parameters

Reference: For the reference lakes, two chemical parameters are significant

towards the stepwise regression Madel. These two parameters are calcium (~=0.271;

p=O.041 <O.OS), and chlorophyll-a (~=0.476; p=O.007<O.OS) concentrations. The strong

correlation with chlorophyll-a concentration May be related to methylmercury association

with microplanktonic algae (Boudou and Ribeyre, 1981; Damall et al., 1986; Jackson,

1986). Jackson (1986) found a strong positive correlation between chlorophyll-a and

methylmercury concentrations in lake water.

Logged: ln the logged group of lakes, chlorophyll-a concentration is the chemical

parameter closest to statistical significance (~=O.171; p=O.091>O.OS), but the correlation

is negative (r=-0.413). This appears to be linked to the weil documented phenomenon of

Mercury and methylmercury scavenging by increased productivity. In the bumt group of

lakes, potassium ion concentration is the parameter that cornes closest to statistical

significance (r=O.262; p=O.079>O.OS).
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Bumt: Like chlorophyll-a in the logged group, the potassium and dissolved

methylmercury concentrations are negatively correlated in the bumt (F-0.512) group,

probably due to the loss of potassium through volatilization to the atmosphere during

forest tires.

AIl: Including ail lakes in the regression model, no parameter approaches

statistical significance. Ali parameters cao be said to uniformly account for the variation

in the dissolved methylmercury concentrations, with the Pearson's correlation

coefficients (r) varying between -0.2 and +0.2.
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v - DISCUSSION

1. Suspended particulate matter (SPM)

Several authors report a significant increase in the catchment export of SPM after

clear.cutting (patrie, 1980; Van Lear et al., 1985; Beasley et al., 1986; Roberts and

Church, 1986; Malmer, 1990), which can be attributed to two main causes: the greater

abundance of on-site post-logging organic residue, which consists predominantly of plant

fragments and their breakdown products (see section V.I.2 below), and the intensified

surface runoff (see section V.I.3 below). The latter May remove considerable amounts of

particles by eroding the impaeted, exposed soil (see section V.l.4 below). Mean SPM

concentrations in the water column in September were 6.1 mgll in the logged, 4.7 mgll in

the bumt, and 5.2 mgll in the reference groups of lakes (Figure IV.I). These values are

not significantly different in statistical terms (refer to section IV. 1.1), which May indicate

that the clear.cutting and forest tire disturbances are too recent, not yet having completely

Mani fested their impacts on the SPM component of our lakes.

ln contrast to forest tires, clear-cutting often completely removes the vegetation of

an area. In sorne cases where undergrowth vegetation exists it May be left behind.

However, in most forests, closed canopies of the original trees prevent the development

of any undergrowth (Likens et al., 1970; Bergeron, 1991; Hunter, 1993; Carleton and

McLellan, 1994; Berdén et al., 1997). Thus, as a consequence of clear.cutting, the forest

floor is completely exposed, and the top soil is usually compacted, revolved and! or

mixed with the underlying soil layers. The use of heavy machinery in the logging

operation may also remove the soil duff layer (Thomas, 1975a,b, Groot, 1987; Keenan

and Kimmins, 1993; Jewett et al., 1995). According to Ash (1995), soil A-horizons May

be partially or completely missing in clear-cut areas.

The spatial extent of soil compaetion and revolving varies considerably with the

logging method (Keenan & Kinlmins, 1993). Tractors, for instance, May expose the soil

B-horizon of 40% of the logged area (Froelich, 1988), whereas for other techniques (e.g.,

skyline yarding and balloon and helicopter logging) the disturbance May be restrieted to

only 5% of the area (Ruth, 1967; Bockheim et al., 1975). Compaetion reduces the

porosity and water permeability of the soil. The ensuing water saturation in the soil

greatly intensifies the surface runoff and prevents the percolation of water and solutes
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through the soil profile (see section 1.2.2.1). This affects not only the water cycling in the

soils, but the whole hydrologic cycle, altering the movements ofliquid water and vapor in

the atmosphere, groundwater, surface runof( and lakes. As a consequence, their chemical

properties are also affected (Langmuir, (997).

The intensified surface ronoff after clear-cutting removes important amounts of

particles from the exposed, unstable soil (Brown et al., 1973). In the streamwater of

disturbed forest catchments, tine particles (less than 1 mm in diameter) that have been

eroded remain suspended because of the increased water flow and turbulence, causing

water turbidity (Keenan and Kimmins, 1993). Since these particles are transported in

suspension, catchments can supply large amounts of suspended and dissolved material,

including mercury-rich terrestrial organic matter (Lee and Hultberg, 1990; Mierle, 1990;

Lee and Iverfeldt, 1991; St. Louis et al., 1994a; Lucotte et al., 1995). Friedriksen (1971)

observed that 54% of the total nitrogen and 17% of the potassium losses following clear­

cutting were associated with the SPM.

Logging activities produce residual particulate organic matter of larger size and in

greater abundance than tire, which breaks down residues and May even reduce them to

ash (Carleton and McLellan, 1994; Brown et al., 1973). In clear-cut areas, chunks of

wood and other plant fragments (e.g., branches, leaves, limbs, flowers, needles), as weil

as roots and lower portions of stems within the soil, are left on site (Brown et al., 1973;

Seastedt and Crossley, 1981 Moore, 1989; Berdén et al., 1997). Therefore, clear-cutting

mobilizes a much larger amount of terrestrial biomass than do forest tires. The

differences between forest tire and clear-cutting do not end there. Even if logging is

carried out at intervals that match the frequency of forest tires, if the slash is bumt to

break down residues, and if uncut forest patches are left to reproduce unbumt fire skips,

there would still be differences (Hunter, 1993). Among these differences are the loss of

volatile elements with tire, and the differential impacts on the hydrologic cycle, soil

geochemistry, and microbial populations, to name a few.

Turbidity is also an indicator of the rate of soil loss (Keenan and Kimmins, 1993)

and particulate export. Both turbidity and SPM levels can potentially be increased by

clear-cutting (Keenan and Kimmins, 1993). Brais et al. (1995) report a 44% to 55%

reduction in forest tloor dry weight after clear-cutting. This reduction is not due solely to
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leaching and erosion, but to a combination of factors, including the accelerated

decomposition of organic residues and the modifications in Iitter quality and availability,

since liner is continually removed without replenishment (Brown et al., 1973; Likens et

al., 1970; Covington, 1981; Federer et al., 1989; Shure and Phillips, 1987; Ash, 1995;

Brais et al., 1995).

In summary, clear-cutting causes soif erosion in two different ways: by increasing

the probability of overland flow, as a result of the higher soil water content; and by

increasing the scouring of drainage channels and the sediment-carrying capability of

surface streams (patrie, 1976; Keenan and Kimmins, 1993). Erosion rates depend on

intrinsic soil properties such as texture (especially with respect to the proportion of low­

granulometry particles), aggregate stability in water, and organic matter content, as weil

as on extrinsic factors such as slope, climate, vegetation cover (Dymess, 1967; Feller,

1982). Characteristics of the clear-cutting method used also influence the extent of soil

erosion (Sopper, 1975; Patrie, 1976).

Apart from the deforestation effects, SPM concentrations usually show strong

seasonal variation. In lakes studied by Hurley et al. (1994), Mean particle mass was

generally lowest under ice-cover (March) and increased throughout the ice-free period

(April to November). The SPM in the water column of these lakes was predominantly

allochtonous biogenic (i.e., exported from the catchment, mostly from forests) material,

except in the fall overturn (September/ October). Unfortunately, no seasonal comparisons

were possible in the present study, due to the lack of data. However, had SPM

concentration data been available for May 1998, they would likely portray a seasonal

difference from those of September 1997. Such a difference would be expected from

variations in precipitation amount, water flow, and ice-cover, among others.

2. C/N ratios

The C/N ratio of a given material is a measure of the molar fraction of nitrogen

relative to carbon present in its composition (Cole and Heil, 1981; Staaf and Berg, 1981).

In contrast to the ubiquity of carbon in aIl environmental compartments, nitrogen is

usually a Iimiting factor to biological productivity (Wetzel, 1992). For this reason, soil

nitrogen contents are usually the primary determinants of the C/N ratios (Berdén et al.,
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1997). When the soil is nitrogen-rich~ the C/N ratio of its organic matter will be lower,

and vice-versa.

The amount, availability and cycling of the major biogenetic elements impose

serious constraints on the organization of the biosphere (Margalef, 1997). Accordingly,

nitrogen, a major biogenetic elemen~ strongly influences the decomposition rate of

terrestrial biomass. The lower the C/N ratio of organic matter, the greater its

susceptibility to decomposition (Cole and Heil, 1981; Staaf and Berg, 1981). According

to Berg and Staaf (1981), litter cao take up nitrogen from the environment, thus

increasing its decomposition rate. This explains the observations that an increased

nitrogen input to the soil results in the breakdown of organic compounds, reducing their

molecular weight and increasing their mobility (Berdén et al., 1997).

Besides the C/N ratios, another factor that strongly affects the degradation rate of

organic matter is its content of refractory material, specificaliy lignin, cellulose, starch

and their decomposition produets. These decomposition produets are collectively named

humic material, and their solubility is directly proportional to their nitrogen contents

(Brady, 1984; Flaig et al., 1975; Kemdorff and Schnitzer, 1980; Rashid, 1985). Humic

material is defined as organic matter altered by bacterial processes and usually depleted

in easily metabolized nutrients. This depletion precludes further decomposition (Brady,

1984; Flaig et al., 1975). Although the composition of humic matter is not fixed, its main

constituents are carbon, hydrogen, and oxygen, nitrogen being only a minor componen~

as weil as sulphur and phosphorus (Flaig et al., 1975).

Terrigenous organic matter in general, and particularly forest litter, is

predominantly composed of highly refractory material (Kaârik, 1974), such as lignin, a

biopolymer present in the xylem of terrestrial plants. Lignin is highly refractory, i.e., its

microbial degradation is very slow (Cole and Heil, 1981; Staaf and Berg, 1981; Killops

and Killops, 1993). In fac~ it is the last substance in liner to decompose, strongly

delaying organic matter degradation (Berg and Staaf, 1981).

In addition to their refractory composition, logs, branches and other woody

material have an exceptionally low nitrogen content (Kaârik, 1974). Thus the C/N ratio of

terrigenous organic matter, including forest litter, is generally high, ranging from 10 to

100 (Cole, 1981; Granhall, 1981; Rashid, 1985), which contrasts with the much lower
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C/N ratios of marine and freshwater autochtonous organic matter. For marine organic

matter (Le., algae), C/N molar ratios typically range between 5 and 15, due to the

predominance of proteins which account for as much as 60% of the primary organic

carbon (Rashid, 1985). Likewise, the C/N ratios of freshwater autochtonous material,

largely consisting of living organisms, are also low, in view of the high levels of

nitrogenated compounds present in living tissue (Lazerte, 1983).

Since most forests are nitrogen deficient, trees have developed a mechanism for

translocating nitrogen from older to younger organs, according to their requirements

(Cole, 1981). Therefore, photosynthetically active organs, whose primary production

rates are high, will be enriched in nitrogen at the expense of older, less productive organs

(Cole and Heil, 1981; Staaf and Berg, 1981).

Since nitrogen is such an important constituent of any biologie material, a

mechanism exists as weil to prevent nitrogen depletion and its deleterious consequences

when the C/N ratio of organic matter is very high (e.g., above 20). Through this

mechanism, tenned nitrogen immobilization, nitrogen is retained in the organic matrix as

decomposition proceeds and carbon is released (Kaarik, 1974; Berg and Staaf, 1981;

Khanna, 1981). Therefore, the C/N ratio of the decomposing material progressively

decreases, until it reaches a threshold level, where nitrogen starts to be released along

with carbon by the decomposition process (Kaarik, 1974; Alexander, 1977). For this

reason, organic matter degradation is a key factor in understanding the release of nitrogen

to the environment (Van Veen et al., 1981) and its export from catchments.

Besides C/N ratios and lignin contents, the size and density of organic residues

also negatively affect the decomposition rates (Cole and Heil, 1981; Staaf and Berg,

1981; Van Veen et al., 1981). According to the nature of post-disturbance on-site organic

residues (see section V.l.l), ail these factors are expected to be highest in the logged

group of lakes. Therefore it is reasonable to assume lower relative decomposition rates in

the logged group than in the bumt group of lakes. The primary breakdown of residues

imposed by tire reduces the size of the particles and the complexity of organic

compounds, facilitating and even stimulating microbial decomposition. Conversely, in

the logged catchments, decomposition of organic matter would be relatively slower than

in the bumt catchments and accompanied by nitrogen immobilization.
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In fact, increased availability of slowly-decomposing organic residue (e.g., woody

litter, decaying roots, and slash in general) has been shown to increase the extent of

microbial nitrogen immobilization (Vitousek et al., 1979; Vitousek and Matson, 1985b).

When clear-cutting procedures include the removal of on-site residues, nitrogen losses

through leaching are increased, as nitrogen immobilization is reduced or prevented

(Vitousek and Matson, 1985b) and more nitrogen is available for export from the

catchment. Similarly, slash buming after clear-cutting also reduces or prevents nitrogen

immobilization by breaking down the organic residue, resulting in increased release of

nitrogen (Friedriksen, 1971; Brown et al., 1973).

As a consequence of the nitrogen immobilization in the logged catchments, the

mean C/N molar ratio in the soil is expected to be higher than that in the lake water

column SPM. The latter was calculated to he 12.4, by averaging across the lakes of the

logged group (Figure IV.2). This reduction in the C/N molar ratio most likely occurs

throughout the watershed, simultaneously with the export of residual material with

surface runoff. Since nitrogen immobilization is not expected to take place in the bumt

catchments, C/N ratios most likely did not change with export along the catchment for

this group, remaining around the mean value of 11.6. Despite the progressive nitrogen

immobilization of organic matter along the logged catchments, the corresponding in-lake

mean C/N ratios in the SPM were not decreased below those of the bumt group of lakes

(Figure IV.2). As a matter of fact, the Mean SPM C/N molar ratios of both groups of

lakes are statistically equivalent (referto section IV.l.I), i.e., p>O.05. Unfortunately, C/N

molar ratios in the SPM were measured only within the lakes, and not along the

catchment, \vhich could confirm the hypothesis of nitrogen immobilization and document

the gradient of the C/N molar ratio change.

The higher C/N molar ratios of the SPM in the hypolimnion relative to the

epilimnion reBect the different nature of particles at the two depths. This is expected,

especially for the lakes that were stratified at the moment of sampling. The higher C/N

molar ratios at depth could he explained by the more rapid settling of larger, denser

particles (probably subjected to less nitrogen immobilization) to the lake bottom.

Nevertheless, the difference in the C/N ratios of the SPM between the hypolimnion and

the epilimnion most likely results from the contribution of autochtonous suspended
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particulate material in the latter. Sïnce biological production is restricted to the photic

zone (epilimnion), this autochtonous material mostly consists of living organisms, whose

C/N ratio is typicaIly low.

Another result of the nitrogen immobilization in the decomposing post-Iogging

residue is the reduced loss of dissolved nitrogen by leaching in the logged catchments in

comparison to the bumt catchments (Vitousek, 1981). In the bumt group of lakes, Mean

water column concentrations of total nitrogen (280 J.lgll in September 1997, and 300 J.lgll

May 1998) and, most of aIl, nitrate (26 J.lg/l nitrate in September 1997, and 30 J1g/l in

May 1998) are much higher than those in the logged group (220 J.lg/l total nitrogen and

3.4 J.lg/l nitrate in September 1997; 235 J.lgll total nitrogen and 13 J.lgll nitrate in May

1998) and the reference group (190 J.lg/l total nitrogen and 1.7 J.lgll nitrate in September

1997; 215 Jlgll total nitrogen and 10 Jlgll nitrate in May 1998) of lakes (Tables IV.7 and

IV.10).

3. Dissolved organic carbon (DOC)

Clear-cutting and forest fues stimuJate organic matter decomposition in the soil

and surface runoff as compared to undisturbed sites (Vitousek, 1981; Moore, 1989; Brais

et al., 1995). According to Berdén et al. (1997), the mineralization of fresh decomposable

organic matter from the disturbed sites leads to intense production of DOC. Accordingly,

DOC concentrations in runoff and soil solution increase. This explains why the mean

DOC concentration is significantly higher (refer to sections 1V.1.4 and IV.2.2) in the

logged group (7.4 mgll in September 1997; 6.4 mgll in May 1998) and in the bumt group

(6.4 mgll in September 1997; 6.1 mg/l in May 1998) than in the reference group (5.1 mgll

in September 1997; 4.9 mgll in May 1998) of lakes (Figures IV.6 and IV.8).

The higher mean DOC concentration in the logged as opposed to the bumt group

of lakes is explained by the greater abundance, in the logged watersheds, of substrate

(Le., organic residues to he degraded) (Hinton et al., 1997) and its refractory nature

(section 2.2). The larger the amounts of decomposable slash left on site, the greater the

leaching of both particulate and dissolved organic carbon (Khanna, 1981; Vitousek and

Matson, 1985a; Hendrickson et al., 1989; Smethurst and Nambiar, 1990; Keenan and

Kimmins, 1993). Covington (1981) reports a 15% decline in soil organic matter over the
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tirst 15 years following clear-cutting in northem hardwoods. Moreover, forest fire May

consume sorne or ail of the organic soil layers of the forest floor from the top down

(Flinn and Weinn, 1977; Carleton & McLellan, 1994), further decreasing the potential for

DOC production in the bumt catchments in contrast to the logged group of lakes.

According to Cronan and Aiken (1985), watershed DOC mostly originates

through leaching and microbial decay in the upper soil profile. In forests, large quantities

of nitrogen and carbon are tied up in structural organs of the trees. Through

decomposition, these are eventually transferred to the soil (Staaf and Berg, 1981). Root

systems of most coniferous forests and hardwood species, which do not resprout from

fragments, die and decay after clear-cutting (Keenan and Kimmins, 1993). Leaching

experiments have shown that 25% or more of the carbon in leaves can be lost within one

week (McDowell and Fisher, 1976).

Mean DOC concentrations in the water column in May 1998 did not differ

significantly across groups when ail lakes were included in the statistical analysis.

However, the among-groups difference was significant (p<O.05) when the lakes whose

watershed areas were less than 40% clear-cut were excluded from the test. This

emphasizes the importance of the extent of the disturbance, indicating that at least 40% of

the forested area of the watershed needs to be directly affected by clear-cutting before its

effects are fully detectable.

In the logged group, DOC concentrations in lake water column are lower in May

1998 (6.3 mg/l -Figure IV.8) than in September 1997 (7.4 mgll -Figure IV.6). This

probably reflects the influence of the spring thaw, when large amounts of water from the

melting of ice and snow dilute the dissolved material in lake water and in soil percolates

(Jewett et al., 1995; Bishop et aL, 1995; Pettersson et al., 1995; Rosén et al., 1996).

Pettersson et al (1995) observed a decrease in both pH and DOC levels in lake waters

with the spring flood, after which they increased through the summer and autumn.

Similarly, Jewett et al. (1995) found streamwater sodium, calcium and Magnesium

concentrations to be lowest in the spring. A negative correlation between discharge and

DOC has been observed in several catchments (Mulholland, 1981; Naiman, 1982; Clair

and Freedman, 1986; Freedman and Clair, 1987; Moore and Jackson, 1989). However,

this is not true during the snow-free season, when increased discharge does not cause
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dilution of DOC, but, instead, leads to an increased discharge of organic matter from the

soil (Meyer and Tate, 1983; Moore, 1989; Eckhardt and Moore, 1990; Bishop et al.,

1995; Pettersson et al., 1995; Hinton et al., 1997; Schiff et al., 1997). A positive

correlation with stream discharge may also be observed when the substances involved are

chiefly adsorbed or otherwise associated with the stream particulate load, which generally

increases with discharge (Langmuir, 1997).

The lower DOC concentrations in May 1998 than in September 1997 May also be

explained by the dependence of microbial decomposition on temperature. Since

temperatures are on average lower in spring (May) than in summer (September),

decomposition rates would he equally lower, generating less DOC (Johannesen and

Henriksen, 1978; McColl, 1972; Feller and Kimmins, 1984; Cronan and Aiken, 1985).

Cronan and Aiken (1985) observed higher DOC concentrations in soil leachates in

summer than in winter. An elevation in stream temperatures following clear-cutting

results from an increase in direct solar radiation reaching the stream surface, DOW

deprived of a vegetation cover. Maximum summer temperatures at soil level May be

increased by more than 10°C, and in the winter and early spring by 2° to 3°C (Keenan

and Kimmins, 1993).

In the boreal forest temperature is a very important factor, conditioning ail

biogeochemical aspects of the system structure and function (Van Cleve and Alexander,

1981). Temperature influences the decomposition rate by regulating the degree of

microbial activity. Also important is ultraviolet radiation bleaching (Kleber et al., 1990).

Other factors affecting microbial decomposition are pH, water availabil ity, and the

availability and reactivity of carbon and nutrients. Higher pH and temperatures, and

larger amounts of water, reactive carbon, nitrogen and phosphorus promote increased

organic matter degradation (Swift et al., 1979; Cole and Heil, 1981; Covington, 1981;

Staaf and Berg, 1981; Van Veen et al., 1981; Woodmansee and Wallach, 1981; Berdén et

al., 1997). Microbial activities are increased even further when reduced rates of

infiltration due to soil compaction keep water at the surface, especîally in shallowareas

of the watershed. During summer, decomposition would be gready intensified within

puddles and in soils adjacent to these standing water bodies (Insam, 1990; Jewett et al.,

1995).
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4. Methylmercury in the water column

An analysis of the data set on methylmercury concentrations in the water column,

reveals that (a) for the dissolved phase, concentrations are significantly (p<0.05) higher in

the logged group (22.8 pmolell) than in the bumt (9.3 pmolell) and reference (10.5

pmolell) groups of lakes (Figure IV.7); (h) in the SPM, Mean methylmercury

concentrations are higher in the bumt group (0.96 nmole/g dw SPM) than in the logged

(0.70 nmole/g dw) and reference (0.88 nmolelg dw) groups of lakes (Figure IV.3).

However, these differences in methylmercury concentration in the SPM are not

statistically significant (p>0.05).

DOC and dissolved methylmercury concentrations ln the water column (see

section V.3.1) are concomitantly higher in the logged group of lakes, which suggests the

existence of a relationship between the DOC and the dissolved methylmercury. This

relationship could result from three different processes or their combination: (a)

methylmercury May be exported from the catchment in association with the DOC, as a

result of the surface runoff intensification; (b) the higher DOC concentrations May

stimulate the in-lake microbial methylation activity, resulting in increased production of

methylmercury from inorganic Mercury exported from the catchment in association with

the DOC; (c) equilibrium partitioning of methylmercury between the particulate and

dissolved phases May result in higher methylmercury levels as a result of increased DOC

concentration.

4.1. Associated export ofmethylmercury and DOC

Both dissolved and particulate humic matter from exposed soils are considered as

important carriers of Mercury species to streams and lakes (Benes et al., 1976; Lodenius

et al., 1983; Mierle and Ingram, 1991). According to Meili (1992), allochtonous humic

matter concentrations determine water color in boreal lakes and streams, and both humic

matter and water color are related to mercury concentrations. For instance, total Mercury

concentrations in surface waters are around 1 ngll (5 pmolll) in clearwater lakes (Hurley

et al., 1991; Meili, 1991c) and may exceed 5 ngll (25 pmolll) in humic lakes (Meili et al.,

1991). According to Lee and Hultberg (1990), the concomitant increase in the

concentrations of DOC and dissolved methylmercury in lake water column reflects
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efficient export from the catchment. Similarly, Johansson and Iverfeldt (1991) proposed

that Mercury concentrations in runoff are dependent on the concentrations of humic

matter and its degree of association (i.e., affinity) with Mercury. The difference between

the logged and the bumt groups would be in the amount of organic carbon mobil ized and

exported, which, in tum, would determine the quantity of Mercury and methylmercury

delivered to the lakes.

Thérien and Morrison (1986) have proposed a model to explain the behavior of

Mercury and organic matter following soil impoundment. This model can be adapted for

watershed deforestation, since both perturbations have in common the increased soil

water contents and the leaching losses that ensue. According to the model, from the

original organic matenal (TOMf) present on the impaeted site, immediate losses cao

occur in three forms: particulate (POM), refractory or humic (HOM) and labile (DOM)

organic matter. The remainder of the TOMF is slowly converted to POM, which is

further attacked, producing DOM and HOM. The latter two components are microbially

degraded, consuming oxygen (02) and producing carbon dioxide (C02), as weil as

liberating ammonium and phosphate. The ammonium is nitritied to nitrate in the presence

of oxygen. Dissolved inorganic mercury is released proportionally to DOM and HOM.

Methylmercury is assumed to be initially absent, being microbially produced from the

released inorganic mercury. Demethylation converts part of the methylmercury back to

the inorganic form. Both Mercury species can be lost from solution through volatilization

and sorption to particles. Dissolved metabolite concentrations are influenced by water

levels and by the availability of particulates and original material (TOMf) to be degraded

(Thérien and Morrison, 1986).

Obviously, this model is an over-simplification of the behavior of organic matter

and Mercury in the soil after disturbance, since it considers methylmercury to be initially

absent and neglects a number of other processes. Nevertheless, the model still portrays

important relationships. primarily the concomitant release of organic matter and Mercury

(Andersson, 1979; Lindqvist et al., 1991; Mierle and Ingram, 1991; Schuster, 1991; Xiao

et al., 1991; Krabbenhoft and Babiarz, 1992). Even the assumed initial absence of

methylmercury in the soit is not totally unreasonable. Compared to those of inorganic

Mercury, the concentrations of methylmercury detected in a soil profile are usually very
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low, sometimes 50 times lower (Chaire de recherche en environnement, 1993; Mucci et

al., 1995). Although in essence incompatible with the hypothesis of increased

methylmercury export from the watershed, the assumption of initial absence does not

invalidate the fact that Most or all of the inorganic Mercury May originate from the

catchment and that part of it could be methylated during transport, before it eventually

reaches the lakes.

4.2. Stimulated methylation

As proposed in the model of Thérien and Morrison (1986), the decomposition of

particulate organic matter (POC), besides releasing DOC, stimulates the process of

Mercury methylation (McMurtry et al., 1989). According to Compeau and Bartha (1985),

microbial methylating activity has been shown to drastically increase when large amounts

of degradable organic substrates are available. The methylation of inorganic Mercury is

mostly attributed to sulfate-reducing bacteria (Compeau & Bartha, 1984, 1985; Gilmour

and Henry, 1991; Gilmour et al., 1992; Choi and Bartha, 1993; Choi et al., 1994a,b;

Parkman et al., 1994). These baeteria are also believed to be important agents of organic

matterdecomposition (parkman et al., 1994). As decomposition and methylation are both

microbial processes, their specific rates depend on the type, size and degree of activity of

the microbial community (Cole & Heil, 1981; Staaf & Berg, 1981; Van Veen et al.,

1981). Since microbial populations and their decomposing activities are increased after

watershed disturbance (see sections 1.2.1.3 and 1.2.2.2), intensified methylation would be

expected.

So far the sources of methylmercury in catchments (i.e., the methylation sites)

have not been clearly identified (Branfireun, 1999). According to St. Louis et al. (1994b)

and Branfireun et al. (1996), the contribution of in situ methylation processes to

catchment methylmercury output is significant. Recent studies indicate that boreal

catchments containing peatlands export considerably more methylmercury to drainage

lakes than strictly upland catchments (St. Louis et aL, 1994b, 1996). This occurs because

wetlands in general act as an important source of methylmercury (St. Louis et al., 1994b,

1996; Bishop et al., 1995; Rudd, 1995; Hurley et al., 1995; Krabbenhoft et al., 1995;

Branfireun et al., 1996). However, in catchments with limited wetlands, the importance
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of other methylmercury sources in the watershed, such as the impaeted soil, would

markedly increase. Within the lakes seleeted for this study, wetlands account for at most

7% percent of the total area. According to calculations using a model presented by

Branfireun (1999), in a catchment with 7% of its area covered by wetlands, the whole

catchment yields three times as much methylmercury as its peatland area. In addition to

the importance of the catchment (upland and wetland sites) as a methylmercury producer

and exporter, mass balance calculations generally indicate that in-lake methylation is an

important source of methylmercury as weil (Fitzgerald and Watras, 1989; Watras et al.,

1994). Therefore, methylmercury production from inorganic Mercury May be increased

as a result of the greater organic matter decomposition either along the catchment or in

the lake, or most likely, in both.

4.3. Partitioning ofmethylmercury with DOC

The distribution ratio of chemical compounds between the particulate and

dissolved phases is described by a partition coefficient, Kd.

Kd = MeHgsPM(pmole/g) / MeH~issolv~d(pmole/g) (equation V.l).

The partition coefficient has been shown to depend on the abundance and the organic

carbon content of the SPM in the water column, on physicochemical characteristics of the

sorbate Molecules (methylmercury), on the concentration of sorbate in solution, on pH,

and on the surface area of the sorbant (Allan, 1986; Andren etai., 1987).

Irrespective of whether or not methylmercury is produced and actively exported

from the watershed following disturbance, increased lake concentrations may result from

equilibrium partitioning between the particulate (Le., SPM and sediments) and dissolved

phases. In other words, an increase in DOC concentration would shift the equilibrium and

draw methylmercury to the dissolved phase. Consequently, if this hypothesis is correct,

methylmercury concentration in the SPM is expected to decrease.

In order to test the hypothesis of partitioning of methylmercury with the DOC,

partition coefficients were calculated for the samples colleeted in September 1997, i.e.,

the ratio of the methylmercury concentration in the SPM (pmolelg dry weight) to the

calculated dissolved methylmercury concentration (pmole/g) in the filtered water samples

(Table IV.4). Results ofthis calculation are given in Table V.l.
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Partition coefficient values usually decrease with increasing DOC concentrations

in the water column (Elzerman and Coates, 1987). Unfortunately, data are only available

for one lake of the logged group and six of the bumt group. Since logged-watershed lakes

are underrepresented, it would be risky to compare these two groups. Moreover, the

absence of values for the reference lakes does not allow a comparison between the

impaeted and the pristine states. Nevertheless, the average of the seven partition

coefficient values available was calculated (3xl04
). Compared with partition coefficient

data reported in the literature (Hurley et al., 1993; Mackay et al., 1995; Mucci et al.,

1995), our average value is of the same order of magnitude. Given the paucity of

measurements, it is impossible to discem an effect of the DOC concentration on the

partition coefficient of methylmercury, and, thus, the hypothesis cannot be confirmed or

disproved.

5. Total Mercury in the sediments

In the logged group, the Mean concentration of total mercury (0.10 nmolelg dw) is

higher than in the bumt group (0.06 nmole/g dw) of lakes (Figure IV.9). Nevertheless, the

mean concentration of total Mercury in surficial bottom sediments is highest in the

reference group of lakes (0.14 nmoleslg dry weight). Sorne studies indicate that large

DOC concentrations in the water column inhibit the sedimentation of mercury (French et

al., 1999). Ifthis were the case, the residence time of Mercury in the water column would

be increased, as the partitioning of Mercury with the water phase would be favored. This

hypothesis satisfactorily explains why the mean total mercury concentration in the

surficial bottom sediments is highest in the reference group of lakes, since in this group

the mean DOC concentration in the water column is the lowest. Another acceptable

explanation is the dilution of the total mercury. It was demonstrated that the SPM loading

is higher in the logged and bumt groups of lakes in comparison to the reference groups.

Since the SPM constitutes the ultimate source for the surficial bottom sediments, the

sedimentation rates in the logged and bumt groups are expeeted ta increase accordingly

with the SPM loading. This larger availability of newly deposited sediments in the

reference lakes would dilute the total rnercury, i.e., its concentrations in the sediments

would be lower relative to the logged and bumt groups oflakes.
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Group Mean C/N molar ratios of the sediments vary in practically the same

manner as that of the C/N molar ratios of the SPM: logged > bumt ::::: reference. This is

perfectIy expecte~ since, as mentioned above, the suspended material constitutes the

u1timate source of the surficial bottom sediments. However, the mean C/N molar ratios in

the sediments (19.4, logged; 17.3, bumt; 16.8, reference) are higher than those in the

SPM (12.4, logged; 11.6, bumt; 11.7, reference). This is MOst likely a result of in-situ

degradation of the organic material contained in the sediments. During diagenesis,

nitrogen-rich comPOunds, such as proteinaceous material, are preferentially metabolized

by micro-organisms. The nitrogen released with this process May be converted either to

nitrate or ammonia, depending on the oxygen levels of the sediments. The ammonia,

produced under anaerobic conditions, May diffuse towards the oxic zone, where it is

nitrified to N2, or adsorhed onto clay and organic material. The nitrate, produced in

oxygenated sediments, can also diffuse back to the water column, or else be used as an

electron-acceptor for further oxidation of organic matter (Mucci, 1999, persona!

communication).

According to Warren and Zimmennan (1994), the cycle of deposition and

resuspension produces a relatively unifonn pool of particles next to the lake bottom, the

nepheloid layer. Its long-term consequence is the accumulation of particle-associated

contaminants on the least turbulent areas of the lake bottom. Given a plentiful supply of

inorganic Mercury to the sediments, methylmercury can he formed, where anaerobic (Le.,

reducing to slightly sulphidic) methylation-favoring conditions are encountered, and

remobilized back to the water column by diffusion or physical processes such as

bioturbation and resuspension.

However, the variability in the total Mercury concentrations in surficial bottom

sediments (expressed as the standard error of the Mean) is rather large (Figure IV.9). This

indicates that the forest watershed perturbations are still too recent to have c1early

affected the bottom sediments. For the sediments, the lag period between the disturbance

and its effects willlikely he longer than for the water column, in view of the typically low

sedimentation rates (2-3 mm/year) in lakes of the Canadian Shield (Lucotte et al., 1995)

and bioturbation at the lake bottom.
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6. Chemical response delay

The time required for the full post-disturbance development of a chemical

response in the soil solution and streamwater varies according to the chemical entity in

question~ the local conditions of the affected area, and the degree of disturbance (Kilgore,

1973; Jewett et al.~ 1995; Dahlgren and Driscoll~ 1994). A lag period between the

disturbance and its observed effeets was attributed by Keenan and Kimmins (1993) tothe

slow decay of organic matter after the perturbation. According to Boonnann and Likens

(1979b), immediately after clear-cutting~ when C/N molar ratios of the organic matter are

high, dissolved soil nutrients are assimilated by the increasing microbial populations. As

decomposition proceeds and the C/N molar ratios of the SPM decrease~ the excess

nutrient ions are leached from the soil into streamwater. For instance, the time lag for

maximum nitrate leaching varies from 7 to 18 months (Sollins and McCorson~ 1981;

Clayton and Kennedy, 1985; Tiedemann et al.~ 1988; Dahlgren and Driscoll~ 1994). In

fact, Moore and Jackson (1989) and Moore (1989) have observed little effect of clear­

cutting on DOC export immediately after clear-cutting~ but a significant increase in

runoff DOC concentrations 8 to 10 years after the disturbance. A significant increase in

the SPM loading to the lakes is another expected effect after the lag period.

7. Lake and catchment morphometry

7.1. Correlations with methylmercury in the SPM

For the reference lakes~ only three parameters are significant for the stepwise

regression. These are lake are~ lake perimeter~ and lake volume. This emphasizes the

strong correlation between the methylmercury concentrations in the SPM and the

dimensions of the lakes. A possible explanation for this is that in the reference lakes

direct atmospheric deposition on the lake surface (see section 13.3) is a much more

important source of methylmercury than the catchment export (see section 1.3.4). In this

case~ lake water volume would be of importance in that it contains an inherent area

component (refer to section ll.2.1).

For the logged group of lakes~ residence time and watershed area/lake area ratio

stand out as the most important parameters (although they are not statistically

significant). These two parameters are directly related with surface runoff. The watershed
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areallake area ratio in fact compares two potential sources of methylmercury: the

terrestriai (Le., from the catchment) contribution, and the direct atmospheric input (i.e.,

deposition on the lake surface). The larger the watershed areallake area (WAlLA) ratio,

the larger the terrestrial contribution of Mercury and/or methylmercury would be in

relation to direct atmospheric deposition. The fact that SPM methylmercury

concentrations are proportional to the WAlLA ratio indicates that for the logged group of

lakes the terrestrial source of methylmercury exceeds direct atmospheric dePOsition. The

inverse relationship observed with lake water residence tinte emerges because lakes with

relatively large catchment areas have short water residence tintes. This reflects the fact

that large catchment areas contribute large amounts of water, which transit quickly

through small lake basins.

When ail lakes are included in the regression model, Mean catchment slope is the

ooly significant (p<O.05) morphometric parameter. Catchment slope is related to surface

runoff, which is resPOnsible for the exPOrt of dissolved and particulate material to the

lakes, especially DOC. D'Arcy and Carignan (1997), for instance, found a strong

correlation between Mean catchment slope and DOC. This suggests that the significant

correlations found in this study between Mean catchment slopes and SPM methylmercury

concentrations May merely reflect the association between methylmercury and DOC.

7.2. Correlations with dissolved methylmercury

Drainage density is statistically significant towards the regression model both for

the logged and the bumt groups of lakes. This indicates the importance of surface runoff

in contributing methylmercury to lake water in those two treatment groups. Depth, both

maximum and Mean, is statistically significant (p<O.05) for the reference lakes. Mean

depth is also significant for the whole set of lakes. This probably reflects the fact that in

deeper lakes the SPM has a longer residence time, i.e., it stays longer in the water column

before being incorporated into the sediments. Therefore the methylmercury associated

with the SPM remains longer in the water column of deeper lakes. This is supported by

the fact that water residence time (r=0.376), mean depth (r=0.576), and maximum depth

(r=0.483) ail show a similar relationship (pearson's correlation coefficient) with

dissolved methylmercury in the water column.
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In the bumt and reference groups, as weil as for the whole set of lakes, littoral

slope contributes significantly (p<O.05) to the regression model, probably by favoring

resuspension. The importance of resuspension to the remobilization of methylmercury

from sediments and pore-waters to the overlying waters has been indicated by Mucci et

al. (1995).

7.3. Total Mercury in the sediments

For the logged group of lakes, the significance of the watershed areal lake area

ratio retlects the importance of the terrestrial source over the direct atmospheric

deposition ofmercury.

For the bumt group of lakes, the following morphometric parameters, gjven in

order of decreasing significance (increasing p-value), yielded statistically significant

correlations: watershed area, catchment area, catchment stream length, water flow,

catchment perimeter, sum of wetland areas, and altitude. The first five are directly

related to the catchment, once again emphasizing the importance of surface runoff as a

source of Mercury to these lakes.

For the reference lakes, the fact that lake dimensions (area, perimeter, volume,

depth) and water residence time are not significantly correlated with total Mercury

concentrations could Mean that, if direct atmospheric deposition has any importance for

these lakes, it is not retlected on the sediments.

8. Lake water chemistry

Meili (1991c) and Parkman and Meili (1993) reported Mercury concentrations in

the biota that are proportional to those in the water. For our study lakes, Mean

methylmercury contents in the zooplankton were found to be significantly higher in the

logged relative to the bumt and reference groups by Garcia and Carignan (1999).

Increased concentrations of methylmercury in the zooplankton after clear-eutting were

also observed by Rask et al. (1994) in a small humic lake. Zooplankton is a good

indicator of methylmercury contamination because it directly ingests allochtonous

organic carbon and can readily assimilate bioavailable methylmercury from the water

column (Hessen et al., 1990; Garcia and Carignan, 1999). Similarly to zooplankton

71



"

------- ---~------

(Garcia and Carignan, 1999), methylmercury accumulation in fish has also been

correlated with DOC or water color (McMurtry et al., 1989).

Garcia and Carignan (1999) colTelated the higher Mean concentrations of

zooplankton methylmercury and water DOC in the logged group of lakes with the lower

mean water pH. However, their observed among-group differences in pH were not

significant (p>O.OS) and covered a small range (mean values of 6.6, 6.S, and 6.7, in the

bumt, logged, and reference groups oflakes, respectively). Other authors also reported a

negative correlation between pH and methylmercury concentrations in zooplankton

(Watras and Bloom, 1992; Westcott and Kalff, 1996). In fish, even very small decreases

in pH result in increased Mercury accumulation rates (ponce and Bloom, 1991).

According to Winfrey and Rudd (1990), pH affects the dissociation of mercury, the

relative rates ofmethylation and demethylation, and the physiology of the organisms.

pH is widely recognized as a key variable in determining the extent of sorption of

contaminants onto the particulate phase (Warren and Zimmerman, 1994). An increase in

the pH of natural systems usually favors removal by adsorption of trace elements from

solution (Langmuir, 1997). According to Reimers and Krenkel (1974), changes in

Mercury solubility with pH are due to changes in organic matter solubility rather than to

desorption of Mercury to the solution. Likewise, Andersson (1979) report that mercury­

organic adsorption curves show no response to pH, whereas adsorption by clays and

oxides is strongly pH-dependent. However, the sorptive potential of solid phases such as

clays is not as great as that of humic substances (Rashid, 1985), in spite of their highly

negative surface charges and small particle sizes, often below 1 ~m (Langmuir, 1997).

In the present study, group mean pH values were not statistically different

(p>O.OS). Mean hydrogen ion (Ir) concentrations and pH values, respectively, in

September 1997 were: 0.S4 J,1eq/l and 6.6 in the bumt group, 0.79 J,1eq/l and 6.2 in the

logged group, and 0.74 ~eq/l and 6.2 in the reference group. In May 1998, mean W

concentrations and pH values were, respectively: 0.60 ~eq/l and 6.3 in the bumt group,

0.71 lJeqll and 6.2 in the logged group, and 0.77 J.1eq/l and 6.2 in the reference group of

lakes.

It should be noted from the Pearson's determination coefficients (Table IV.1S)

that the water dissolved methylmercury concentrations do not significantly correlate with
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DOC or any other lake water chemical parameter This suggests that the chemical

mechanisms associated with methylmercury mobilization in the water column are highly

variable or are dependent on another chemical factor not included in the analyses. One

such factor could be the particulate organic carbon (POC) concentrations in the water

column. According to the model proposed by Thérien and Morrison (1986), particulate

and dissolved organic matter are simultaneously released from the original ( or total)

organic materia!. Results reported by Kolka et al. (1999), indicate that POC may he more

important than DOC as a mobilization and transport vector of mercury, depending on the

properties of the watershed, especiaUy peatland and upland areas. If this is correct, the

dissolved methylmercury concentrations observed in this study would be expected to

correlate significantly with the POC levels in the water column. This would also explain

why the correlation between dissolved methylmercury and DOC is not significant, by

considering that the characteristics of the watersheds under study favor the association of

Mercury with the POC to a larger extent than with the DOC.
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VI - SUMMARY AND CONCLUSIONS

Over the past few yearsyan increasing number of reports have been issued about

Mercury contamination in remote lakes. Although it is a recent tinding that the biota in

these remote lakes can accumulate deleterious concentrations of mercuryy the sources and

pathways of this contamination, specitically involving atmospheric deposition, were

readily identified (see section 1.3). Neverthelessyknowledge is still lacking as to how the

terrestrial loading of mercury and methylmercury to drainage lakes can be affected by

deforestation of the adjacent watershed, either anthropogenically through clear-cutting, or

through natural and recurring forest tires.

The concept of forest disturbance has long been recognized by ecology and

forestry professionals (Oliver and Larson, 1990). Concems over its long-term effects on

soil nutrient reserves have been expressed for at least 40 years (Rennie, 1955; Ovington,

1962). However, it was only during the last two decades that the importance of forest

disturbance was recognized and the issue became intensively studied and discussed

(Oliver and Larson, 1990; Attiwil, 1994a). The main conclusion of these studies was that

disturbance controls the development of most world forests, by affecting their diversity,

structure, and function (Oliver and Larson, 1990; Attiwil, 1994a). Today natural

disturbance is increasingly recognized as a dominant force in the forest ecosystem

(Attiwil, 1994b). Nevertheless, the impact of forest perturbations on long-term site

produetivity has not yet been revealed (powers et al., 1990).

An attempt has been made here to determine the differential effects of forest fi res

and c1ear-cutting on lake water chemistry, with emphasis on particulate (SPM-associated)

and dissolved methylmercury concentrations, and surficial bottom sediment total Mercury

concentrations. Three groups of lakes were selected and systematically visited for sample

collection and environmental data gathering. The three groups of lakes were carefully

chosen to minimize differences in morphometry and assumed hydrology. One group

comprised nine lakes whose watershed forest naturally and spontaneously bumt in 1995.

The second group consisted of another nine lakes whose adjacent watershed forest was

partially or completely removed (clear-cut) by logging companies in 1995. Sorne ofthese

lakes were additionally logged in 1998. Finally, the control group consisted of 20 lakes

whose watersheds were not touched by forest tires or logging for at least 70 years. These
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20 reference lakes reflect the natural state of lake mercury and methylmercury levels in

the study are~ free from the modifications inflicted by watershed forest perturbations.

Prior to the last sampi ing campaign (May 1998), four reference lakes had varying

percentages of their forested catchment clear-cut by logging companies. The objective

was to measure the impact of clear-cutting on lake water chemistry (methylmercury

concentrations) shortly (less than one year) after the disturbance.

Regardless of ail possible sources of variability, which may reduce the

consistency and clarity of results, and of ail the unexpected limitations to the

experimental and analytical design, some general conclusions can be expressed, as

follows.

In comparison to forest fires, clear-cutting produces a much larger amount of on­

site residual organic matter. Following watershed disturbance, the residual organic

material is progressively decomposed and partly exported with the intensified surface

runoff. The intensification of surface runoff is greater in clear-cut than in bumt

watersheds because clear-cutting, in addition to completely removing the forest and

leaving no surface obstacle to restrain the water flow, may mechanically compact the

soil, reducing its porosity and water permeability. Therefore, with greater surface runoff

in the clear-cut catchments, the amount of particles exported is also greater than in the

bumt catchments. The fact that the difference in suspended particulate matter (SPM)

concentrations in the three treatment groups of lakes is not statistically significant (95%

confidence level) May indicate that the impact of the perturbations has not yet been fully

recorded in the short period of time elapsed since the perturbations.

Due to their nature and composition, the degradation of residues from the bumt

catchments is easier and faster in comparison to the logged catchments. The organic

residue of the clear-cut areas is denser, richer in refractory substances (e.g., lignin) and

has high C/N ratios, which leads ta slower degradation as weil as ta nitrogen

immobilization. The latter mechanism is important in the logged catchments, where it

restricts leaching losses of nitrogen, leading to a progressive decrease in the C/N molar

ratios of the organic matter. Nitrogen immobilization thus accounts for the lower

concentrations of total nitrogen, nitrate and ammonium in the water column of the logged

75



---~--------------

group of lakes, in contrast to those with bumt catchments, where tittle or no nitrogen

immobilization takes place and nitrogen is continuously released.

Although the degradation of organic residue is hindered in the logged catchments,

the availability of organic matter and the surface runoff are greater than in the bumt

catchments. The result is a larger terrestrial input of dissolved organic carbon (DOC) to

the logged than to the bumt group of lakes, as seen from the statistically significant (95%

confidence level) higher DOe concentrations in the former group of lakes. As DOC is

predominantly generated from the degradation of particulate organic carbon (POC),

which is slower in the logged catchments as compared to the bumt ones, the terrestrial

input of poe is also expected to be significantly larger to lakes of the logged than to

those of the bumt group. Therefore, logged watersheds export much larger amounts of

organic matter (DOC and POC) to lakes in comparison to the bumt and pristine

(reference) states.

The higher export of organic carbon from the logged watersheds, is believed to be

responsible for the delivery and maintenance of significantly (95% confidence level)

higher concentrations of dissolved methylmercury and, presumably, inorganic Mercury in

the logged group of lakes comparatively to the two other treatment groups. This

conclusion is based on the hypothesis that both dissolved (DOC) and particulate organic

carbon (POC) serve as strong and limiting vectors (as seen from their intimate

association) of Mercury and methylmercury to the lake waters (Jackson, 1988, 1991;

Verta et al., 1989; Johansson et al., 1991; Lee and Iverfeldt, 1991; Meili et al., 1991;

Mierle and Ingram, 1991; Driscoll et al., 1994, 1995; Hurley et al., 1995; Hintelmann et

al., 1995; Kolka et al., 1999).

The significant correlation between morphometric parameters of the catchment

and methylmercury concentrations in the water column of the logged and bumt groups of

lakes refleets the importance of the terrestrial sources of Mercury and! or methylmercury

following watershed disturbance. These correlations can be interpreted to indicate that

watershed forest disturbance promotes the remobilization of Mercury species from the

catchment and elevate their concentrations in the lake water column. Biological uptake,

as weil as particle settling and resuspension, May regulate the maximum water column
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load ofmethylmercury, with the sediments and the biota acting as contamination buffers,

releasing or absorbing methylmercury.

In summary, watershed deforestation disturbances increase the catchment export

of DOC, SPM, and methylmercury to drainage lakes. Comparing the two types of

watershed disturbance investigated, this impact is stronger as a result of clear-cutting than

offorest tire.
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VIII - APPENDIX

Table II.1: Lake morphometric data for the logged (ex) and bumt (FBPx or FPx)

groups oflakes as of 1995 (Data provided by P. D'Arcy, University of Montreal)

Lake LA LP LS LV Zmax Zmean SO Ait T

C2 0.38 3.73 5.6 1.27 12 3.3 1.70 431 0.76

C9 0.72 8.86 12 4.18 19 5.8 2.95 449 1.16

C12 0.39 4.72 4.2 0.98 5 2.5 2.14 406 0.65

C23 0.30 3.66 4.1 0.66 6 2.2 1.87 394 0.48

C24 0.20 3.83 12 0.70 12 3.4 2.40 411 0.48

C29 0.31 3.33 6.5 1.26 10 4.1 1.68 556 2.63

C40 0.31 5.58 14 2.31 30 7.6 2.85 404 3.43

C44 0.33 3.75 8.3 1.98 19 6.0 1.84 422 1.18

C48 2.38 16.3 3.0 8.48 13 3.6 2.97 491 1.28

FBP9 0.62 10.2 9.5 2.86 20 4.6 3.64 482 0.82

FBPIO 0.38 4.22 9.7 2.28 16 6.0 1.93 468 2.57

FP2 0.37 4.84 6.9 1.64 10 4.4 2.23 436 0.93

FP15 0.52 4.44 8.4 3.81 15 7.4 1.74 422 0.33

FP24 0.19 2.90 12 7.95 13 4.2 1.89 455 1.98

FP27 0.66 4.54 9.9 6.63 34 10 1.58 475 5.70

FP30 0.36 3.95 8.5 1.93 13 5.4 1.86 468 0.86

FP31 0.47 3.55 0* 2.49 20 5.3 1.46 497 0.74

FP32 0.31 5.49 8.3 .33 12 4.6 2.77 434 0.70

(* datum for FP3 1 was not avadable)
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Table 11.2: Catchment morphometric data for the logged (Cx) and bumt (FBPx or

FPx) groups oflakes as of 1995 (Data provided by P. D'Arcy, University of Mootreal)

Lake CA WA WAILA CP DD CS LZS Q CSL

C2 3.26 2.87 7.5 8.22 3.07 6.99 4.8 1.67 9.99

C9 7.04 6.32 8.8 16.0 1.47 9.73 9.4 3.61 10.3

C12 2.93 2.54 6.6 9.50 1.05 6.34 5.4 1.50 3.09

C23 2.71 2.40 7.9 8.02 1.49 5.76 3.3 1.39 4.03

C24 2.80 2.60 13 7.60 2.13 5.67 8.1 1.44 5.95

C29 0.93 0.62 2.0 4.86 0.13 9.70 6.3 0.48 0.12

C40 1.32 LOI 3.3 5.60 0.44 7.04 9.2 0.68 0.59

C44 3.28 2.95 8.9 7.54 1.08 14.9 6.3 1.68 3.53

C48 12.9 10.6 4.4 18.9 1.74 7.33 3.2 6.64 22.5

FBP9 6.81 6.19 10 15.8 1.95 8.07 6.3 3.49 13.3

FBPI0 1.73 1.35 3.6 6.96 0.00 7.58 9.1 0.89 0.00

FP2 3.44 3.07 8.2 8.94 1.78 6.19 6.7 1.77 6.13

FP15 22.2 21.7 42 29.0 1.39 10.1 6.6 Il.4 30.8

FP24 0.78 0.59 3.2 4.67 1.04 7.73 8.2 0.40 0.81

FP27 2.27 1.61 2.5 6.74 0.80 12.6 6.9 1.16 1.81

FP30 4.35 3.99 11 9.13 1.39 15.4 8.5 2.23 6.04

FP31 6.98 6.51 14 13 1.56 11.8 0* 3.58 10.9

FP32 2.88 2.56 8.2 9.53 2.13 7.94 13 1.33 6.12

(* datum for FP31 was oot available)
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Table II.3: Morphometric data for the reference lakes as of 1995 (Data provided

by P. D'Arcy, University of Montreal)

Lake LA LP LS LV Zmax Zmean 5D Ait T

N5 0.21 3.19 9.5 1.13 14 5.5 1.98 481 0.97

N16 0.86 11.2 8.6 3.98 14 4.7 3.41 489 1.57

N35 0.16 3.73 8.8 4.77 8 2.9 2.60 441 0.66

N43 0.30 3.04 3.7 8.08 9 2.7 1.55 442 0.33

N55 0.28 3.90 4.1 5.99 7 2.1 2.08 410 0.57

N56 0.29 4.22 5.3 0.80 10 2.8 2.22 440 1.17

N59 0.16 2.70 18 0.83 12 5.1 1.89 430 2.68

N63 0.62 4.86 4.1 2.36 10 3.8 1.74 495 1.53

N70 0.66 4.31 6.5 4.51 21 6.8 1.50 435 4.61

N82 0.33 3.40 13 2.80 20 8.4 1.66 473 3.40

N84 0.83 4.41 3.2 3.46 Il 4.2 1.37 417 1.86

N88 0.59 5.26 6.2 3.14 13 5.3 1.93 461 1.35

N89 0.70 7.81 6.2 2.87 13 4.1 2.63 446 2.10

NI06 0.43 3.36 5.0 1.98 12 4.6 1.44 485 2.19

NI07 0.47 3.66 Il 4.17 23 8.8 1.50 452 2.00

N120 0.40 3.07 5.0 1.67 Il 4.1 1.36 558 2.23

N122 0.21 2.86 6.7 0.68 10 3.3 1.77 436 1.05

P25 0.35 2.87 6.0 1.63 Il 4.7 1.38 408 1.74

PI09 0.51 6.93 5.3 1.45 10 2.8 2.73 395 1.07

PII0 0.84 5.23 3.6 3.86 10 4.6 1.61 391 1.29

105



Table II.4: Morphometric data for the reference lake catchments as of 1995

(Data provided by P. D'Arcy, University ofMontreal)

Lake CA WA WAILA CP DD CS LZS Q CSL

N5 2.26 2.06 10 10.2 1.84 15.2 8.0 1.16 4.16

N16 4.96 4.10 4.8 15.9 2.13 12.5 8.3 2.54 10.6

N35 1.41 1.25 7.6 6.95 1.02 15.0 8.8 0.72 1.44

N43 4.81 4.51 15 10.4 1.62 4.90 3.0 2.47 7.79

N55 2.04 1.76 6.3 8.03 0.12 8.38 4.1 1.05 0.24

N56 1.34 1.05 3.7 5.33 0.00 7.68 5.3 0.68 0.00

N59 0.60 0.44 2.7 3.39 0.00 12.5 12 0.31 0.00

N63 3.00 2.37 3.8 8.67 1.19 6.24 4.5 1.54 3.56

N70 1.91 1.25 1.9 6.35 0.00 7.60 5.6 0.98 0.00

N82 1.61 1.27 3.8 6.22 0.73 12.1 14 0.82 1.17

N84 3.63 2.80 3.4 10.2 0.35 6.32 3.0 1.86 1.28

N88 4.52 3.93 6.6 12.4 1.67 7.56 6.1 2.32 7.55

N89 2.66 1.96 2.8 8.69 1.47 8.23 7.1 1.36 3.90

NI06 1.76 1.33 3.1 6.18 0.88 8.46 4.9 0.91 1.55

NI07 4.07 3.59 7.6 8.79 1.50 11.9 8.2 2.10 6.10

N120 1.46 1.06 2.6 6.71 0.77 7.02 4.9 0.75 1.12

NI22 1.26 1.05 5.1 5.18 1.31 7.50 5.9 0.65 1.66

P25 1.83 1.48 4.3 6.45 1.16 12.6 7.9 0.94 2.11

PI09 2.64 2.13 4.2 7.41 0.42 6.53 3.8 1.35 1.12

PII0 5.85 5.02 6.0 10.8 1.45 6.12 4.2 3.00 8.46
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Tab1e Il. 5: Percent of the

watersheds logged in 1995

(Data provided by S. Paquet~

GEOTOPIUQAM)

Lake Percent logged

C2 33.2

C9 45.7

C12 59.6

C23 39.9

C24 38.1

C29 65.1

C40 9.8

C44 7.5

C48 96.4

Table II.6: Percent of the

watersheds bumt in 1995

(Data provided by S. Paque~

GEOTOPIUQAM)

Lake Percent bumt

FBP9 94.6

FBPIO 94.5

FP2 50.1

FP15 98.9

FP24 100

FP27 91.3

FP30 92.2

FP31 100

FP32 100
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Table II.7: Percent of the

forested watersheds

logged as ofMay 1998

(Data provided by S.

Paque~ GEOTOPIUQAM)

Lake Percent logged

C2 73.5

C9 45.7

CI2 59.6

C23 39.9

C24 38.1

C29 65.1

C40 9.8

C44 7.5

C48 96.4

NI06 27.8

NI07 6.2

P25 18.9

PIIO 20.7
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Table IV. 1: Abundance~ C/N molar ratios~ and MeHg contents of SPM collected in

September 1997 atone ortwo depths in the lakes of the logged group (n=14)

Filter Lake Sampling SPM C/N molar MeHg

depth (m) (mgll) ratio (nmolelg dw SPM)

L39 C02 7 2.24 10.2 0.16

L57 C09 17 3.25 21.8 1.04

L41 C12 2.5 2.72 10.4 0.42

L5 C23 5 2.88 15.7 1.36

L6 C23 1 8.20 3.6 1.06

L7 C24 7 9.32 18.4 0.46

L8 C24 1 8.02 9.5 1.09

LI9 C29 9 2.27 9.1 0.56

L20 C29 1 12.3 11.7 0.56

LlO C40 1 15.6 14.7 0.24

L9 C40 19 3.90 15.8 0.55

L54 C44 15 1.64 11.1 1.14

L21 C48 9 1.62 11.9 0.91

L22 C48 1 11.7 9.3 0.23
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Table IV.2: Abundance, C/N molar ratios, and MeHg contents of SPM colleeted in

September 1997 at one ortwo depths in the lakes of the bumt group (n=12)

Filter Lake Sampling SPM (mgll) C/N molar MeHg

depth (m) ratio (nmole/g dw

SPM)

L36 FBP09 14 3.39 12.6 0.77

L31 FBPI0 9 1.41 10.5 1.21

L32 FBPIO 1 5_51 8.2 0.39

L44 FP02 8 15.8 14.0 0.31

L45 FP15 12 1.20 15.1 0.96

L49 FP24 9 2.39 13.2 0.89

L50 FP24 1 7.91 6.5 1.65

L46 FP27 19 1.50 9.6 0.98

L47 FP30 13 3.91 14.2 1.28

L48 FP31 9 1.45 13.1 0.92

L52 FP32 9 4.48 13.5 0.79

L53 FP32 1 7.71 8.0 1.39
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Table IV.3: Abundance, C/N molar ratios, and MeHg contents of SPM collected in

September 1997 at one or two depths in the reference lakes (0=27)

Fi1ter Lake Sampling SPM C/N molar MeHg (nmolelg
depth (m) (mg/I) ratio dwSPM)

L56 NI6 9 1.54 13.5 1.13

L55 N35 7 2.87 7.4 1.51

L23 N43 8 6.11 19.7 0.37

L24 N43 1 10.4 9.7 0.61

L15 N55 5 2.68 10.9 0.65

L16 N55 1 8.47 10.1 0.39

L42 N59 9 1.28 11.1 0.58

L43 N63 8 3.91 9.9 0.55

LII N70 19 1.37 16.4 1.15

LI2 N70 1 5.56 12.7 0.36

L37 N82 13 1.56 11.7 0.81

L38 N84 8 1.81 10.0 LlO

L29 N88 9 1.42 9.7 0.81

L30 N88 1 4.78 7.8 1.05

L27 N89 8.5 2.25 11.2 1.60

L28 N89 1 5.64 6.9 1.31

L33 NI06 8 3.51 11.0 0.53

L34 NI06 1 12.6 9.1 0.60

L35 NI07 13 1.44 9.7 1.03

LI7 NI20 9 1.20 12.5 0.89

LI8 NI20 1 8.11 13.2 1.08

L25 N122 5 3.23 ILl 1.00

L26 NI22 1 5.35 8.9 0.64

L40 P25 9 5.72 14.4 0.90

L4 PI09 1 32.2 11.8 0.42

LI PIIO 8 1.98 17.4 0.54

L2 PIIO 1 4.51 15.5 1.76
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Table 1V.4: Dissolved MeRg concentrations (pmolell) in unfiltered and

filtered water column samples colleeted in September 1997 (n=8)

Lake Unfiltered Filtered Filtered Group
(measured) (calculated)

C44 10.9 27.5 9.0 Logged

FP15 16.3 30.9 15.2 Bumt

FP24 9.7 17.9 7.5 Oumt

FP27 8.9 53.9 7.4 Oumt

FP30 21.2 32.6 16.1 Oumt

FP31 12.8 79.3 11.4 Oumt

N43 5.0 2.7 Reference

N63 31.3 29.2 Reference
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Table IV.5. DOC concentrations in mgll in lake water column

samples collected in September 1997 (Data provided by P.

D'Arcy, University of Montreal)

Logged Bumt Reference

Lake DOC Lake DOC Lake DOC

C2 5.31 FBP9 8.60 N5 7.42

C9 4.16 FBPIO 7.27 NI6 6.71

C12 3.94 FP2 7.94 N35 8.88

C23 8.44 FPI5 10.9 N43 8.06

C24 5.85 FP24 11.9 N55 5.89

C29 5.24 FP27 7.39 N56 3.87

C40 4.63 FP30 3.71 N59 4.87

C44 4.99 FP31 4.09 N63 6.33

C48 5.32 FP32 5.19 N70 5.82

N82 4.95

N84 3.42

N88 5.26

N89 3.77

NI06 7.25

NI07 6.24

NI20 2.71

NI22 6.01

P25 4.62

PI09 5.42

PIIO 3.96
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Table IV.6: Chemical parameters - means and their standard errors (shown in

parentheses) - of the water sampies colleeted in September 1997 (Data provided by P.

D'Arcy, University of Montreal)

Logged Bumt Reference

Sodium (mg/I) 0.75 (0.02) 0.67 (0.01) 0.62 (0.01)

Potassium (mg/I) 1.61 (0.03) 2.06 (0.06) 1.52 (0.02)

Calcium (mg/I) 0.43 (0.01) 0.70 (0.01) 0.42 (0.01)

Magnesium (mg/l) 0.51 (0.09) 0.74 (0.01) 0.22 (0.10)

Chloride (I-lg/I) 0.19 (0.01) 0.30 (0.01) 0.13 (0.00)

Sulfate (mg/I) 0.80 (0.01) 1.42 (0.02) 0.84 (0.01)

Total phosphorus (J.lgll) 8.64 (0.25) 9.95 (0.25) 5.82 (0.09)

Total nitrogen (I-lg!l) 223 (6) 281 (7) 193 (0.3)

Ammonium (J.lg/I) 7.74 (0.51) 9.24 (0.45) 4.86 (0.09)

Nitrate (J-lg!l) 3.4 (0.3) 25.6 (3.7) 1.7 (0.07)

Hydrogen ion (J-leq/l) 0.79 (0.06) 0.54 (0.07) 0.74 (0.02)
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Table IV.7: Dissolved MeHg concentrations in filtered water samples of May 1998

Logged Bumt Reference

Lake MeHg % Lake MeHg % Lake MeHg %

(pmolen) Error (pmolell) Error (pmolell) Error

C2 68.3 1.7 FBP9 6.S 1.9 N5 3.4 3.2

CI2 19.9 11.1 FBPI0 4.4 19.8 N43 3.2 0.8

C23 5.0 13.1 FP2 14.1 11.5 N55 41.5 1.5

C24 8.9 3.8 FP15 6.3 9.3 N56 5.4 11.7

C29 7.3 8.5 FP24 7.5 6.5 N59 2.5 6.6

C40 45.5 2.2 FP27 9.1 0.4 N63 14.4 4.2

C44 5.3 8.2 FP30 1.6 9.5 N70 24.7 704

C48 5.1 2.2 FP31 10.8 1.0 N82 223 4.6

NI06 19.3 11.8 FP32 22.9 3.0 N84 113 4.3

NI07 40.7 3.5 N88 1.6 604

P25 29.3 5.8 N89 15.8 lA

PII0 19.0 15.1 NI20 2.8 3.0

NI22 2.1 13.5

PI09 8.7 8.9
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Table IV.8: DOC concentrations in mg/l in lake water column

samples collected in May 1998 (Data provided by P. D'Arcy,

University ofMontreal)

Logged Bumt Reference

Lake DOC Lake DOC Lake DOC

NI06 6.73 FP2 9.09 N5 4.98

NI07 5.70 FPI5 7.23 N43 8.66

P25 4.11 FP24 4.64 N55 5.52

PI10 4.13 FP27 2.86 N56 4.86

C2 7.68 FP30 6.82 N59 4.31

C9 5.76 FP31 5.53 N63 5.08

C12 9.12 FP32 6.05 N70 5.18

C23 Il.I FBP9 8.85 N82 4.50

C24 1l.0 FBPI0 3.61 N84 3.22

C29 2.61 N88 5.09

C40 3.80 N89 3.51

C44 4.07 N120 2.35

C48 6.67 NI22 5.66

PI09 5.75
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Table IV.9: Chemical parameters - means and their standard errors (shown in

parentheses) - of the water samples colleeted in May 1998 (Data provided by P. D'Arcy,

University of Montreal)

Logged Bumt Reference

Sodium (mg/I) 0.76 (0.02) 0.67 (0.01) 0.64 (0.01)

Potassium (mg/I) 1.67 (0.03) 2.06 (0.06) 1.49 (0.03)

Calcium (mg/I) 0.43 (0.01) 0.67 (0.01) 0.41(0.01)

Magnesium (mgll) 0.45 (0.02) 0.70 (0.02) 0.22 (0.01)

Chloride (J.lgll) 0.20 (0.01) 0.23 (0.01) 0.15 (0.00)

Sulfate (mg/I) 0.79 (0.02) 1.19 (0.02) 0.74 (0.01)

Total phosphorus (J..lgll) 9.61 (0.33) 14.79 (0.77) 7.72 (0.13)

Total nitrogen (J-lgll) 235 (4.1) 304 (11.8) 215 (3.7)

Ammonium (J..lg/I) 8.64 (0.20) 12.98 (0.64) 7.57 (0.23)

Nitrate (J.1g!1) 12.7(1.0) 29.8 (4.1) 10.1 (1.2)

Hydrogenion(J-leqfl) 0.71 (0.03) 0.60 (0.06) 0.77 (0.03)
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Table IV. 10: Total mercury concentrations (nmole/g dw) and C/N molar

ratios of the surficial bottom sediments collected in the logged and bumt

groups oflakes in July 1997 (Data provided by Dr. B. Quémerais and B.

Fortin~ Centre Saint-Lauren~and L. Coumoyer~ GEOTOPIUQAM)

Logged Bumt

Lake Total C/N Depth Lake Total C/N Depth

Hg ratio (m) Hg ratio (m)

C2 0.04 23.2 10 FBP9 0.17 21.1 17

C9 0.08 15.6 19 FBPI0 0.16 12.7 15.5

C12 0.1 27.7 3.5 FP2 0.10 18.4 10

C23 0.05 24.8 5.5 FP15 0.15 19.6 14.5

C24 0.41 19.1 10 FP24 0.11 17.4 Il

C29 0.01 18.5 6.5 FP30 0.14 15.6 13.5

C40 0.02 10.8 30 FP31 0.15 13.4 15

C44 0.04 18.6 11 FP32 0.11 19 10.5

C48 0.11 15.9 7
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Table IV. 11: Total Mercury concentrations

(nmole/g dw) and C/N molar ratios of the

surficial bottom sediments collected in the

reference lakes in July 1997 (Data by Dr.

A. Quémerais and B. Fortin~ Centre Saint­

Laurent~ and L. Coumoyer~ GEOTOPIUQAM)

Lake Total Hg C/N ratio Depth (m)

P25 0.10 16.1 10

PI09 0.10 16.7 10

PIIO 0.06 19.7 6

N5 0.12 19.8 12

N16 0.14 16.8 14

N35 0.07 19.1 6.5

N43 0.09 21.6 8.5

N55 0.07 16.7 6.5

N56 0.06 16 6

N59 0.08 16.2 8

N63 0.10 16.8 10

N70 0.19 17.3 19

N82 0.18 18 18

N84 0.10 15.7 10

N88 0.10 9.3 9.5

N89 0.13 13.9 13.4

NI06 0.10 17.7 10

NI07 0.15 18.5 15

N120 0.12 14.8 11.5

N122 0.07 17.2 7
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Table IV.12: Pearson's determination coefficients (r) between the concentrations of

MeHg in the SPM sampled in September 1997 and morphometric parameters

(statistically significant coefficients in bold characters).

Parameters Ali lakes Logged Burnt Reference

(n=52) (n=14) (n=11) (n=27)

Lake altitude -0.034 -0.224 0.030 0.037

Watershed area 0.003 0.02 -0.074 0.113

Watershed area/Lake area -0.017 0.335 -0.102 -0.155

Drainage density 0.139 0.021 0.132 0.308

Waterflow 0.000 -0.006 -0.077 0.155

Lake area -0.038 -0.118 -0.293 0.340

Lake perimeter -0.028 -0.123 -0.298 0.361

Lake Mean slope 0.055 -0.078 0.401 0.058

Latitude (decimal form) -0.071 -0.107 -0.213 0.103

Mean littoral slope 0.175 -0.136 0.243 0.205

Longitude (decimal form) -0.006 -0.228 -0.180 0.130

Lake maxi mum depth -0.033 -0.231 -0.013 0.105

Lake Mean depth 0.070 -0.203 -0.039 0.155

Lake water residence time -0.031 -0.401 0.024 0.077

Shore density 0.013 -0.156 -0.176 0.293

Catchment stream length 0.002 -0.048 -0.063 0.218

Sampling depth 0.057 0.225 -0.135 0.044

Sum of wetland areas 0.034 0.133 0.017 0.066

Catchment area 0.000 -0.006 -0.077 0.155

Catchment perimeter 0.070 0.074 -0.133 0.281

Mean catchment slope 0.251 0.298 0.137 0.180

Lake volume 0.025 -0.129 -0.136 0.315
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Table IV.13: Pearsonts detennination coefficients (r) between morphometric parameters

and the concentrations of dissolved MeHg in the water sampled in May 1998

(statistically significant coefficients in bold charaeters).

Parameters Ali lakes Logged Bumt Reference

(n=34) (n=12) (n=8) (n=14)

Lake altitude -0.070 -0.206 -0.509 -0.026

Catchment area -0.124 -0.227 -0.196 -0.071

Catchment areaILake area -0.143 -0.096 -0.106 -0.167

Drainage density -0.049 0.466 0.544 -0.145

Waterflow -0.117 -0.233 -0.203 -0.030

Lake area -0.013 -0.244 -0.303 0.147

Lake perimeter -0.117 -0.239 -0.075 -0.111

Mean lake slope 0.148 0.296 -0.359 0.231

Latitude (decimal forro) 0.030 -0.119 -0.372 0.022

Mean littoral slope 0.337 0.333 0.570 0.475

Longitude (decimal fonn) 0.086 -0.161 -0.309 0.193

Lake maximum depth 0.183 0.400 -0.184 0.483

Lake mean depth 0.295 0.344 -0.218 0.576

Lake water residence time 0.219 0.209 -0.099 0.376

Shore density -0.204 -0.157 0.171 -0.290

Watershed stream 1en8Û1 -0.141 -0.042 -0.126 -0.209

Sum ofwetland areas -0.180 -0.212 -0.031 -0.246

Watershed area -0.117 -0.233 -0.203 -0.043

Watershed perimeter -0.117 -0.228 -0.171 -0.043

Mean watershed slope 0.101 0.013 -0.474 0.247

Lake volume 0.083 -0.127 -0.219 0.358
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Table IV. 14: Pearson's determination coefficients (r) between morphometric parameters

and the concentrations of total Hg in the bottom sediments sampled in July 1997

(statistically significant coefficients in bold characters).

Parameters Ali lakes Logged Bumt Reference

(n=37) (n=9) (n=8) (n=20)

Lake altitude -0.271 -0.238 -0.644 -0.295

Watershed area 0.014 0.099 0.897 -0.168

Watershed area/Lake area 0.076 0.709 0.801 -0.078

Drainage density -0.032 0.297 0.278 -0.101

Watertlow 0.013 0.075 0.890 -0.162

Lake area -0.049 -0.034 0.147 -0.107

Lake perimeter -0.077 -0.001 -0.007 -0.115

Mean lake slope -0.152 0.244 -0.603 -0.195

Latitude (decimal form) 0.256 0.260 -0.337 0.290

Mean littoral slope -0.218 0.215 -0.301 -0.270

Longitude (decimal form) -0.053 -0.290 -0.424 0.026

Lake maximum depth -0.223 -0.186 -0.336 -0.248

Lake mean depth -0.277 -0.267 0.061 -0.321

Lake water residence time -0.248 -0.463 -0.588 -0.257

Shore density -0.047 0.220 -0.126 -0.048

Catchment stream length -0.030 0.134 0.880 -0.235

Sum ofwetland areas -0.013 0.042 0.815 -0.117

Catchment area 0.013 0.075 0.890 -0.162

Catchment perimeter -0.039 0.073 0.853 -0.220

Mean catchment slope -0.199 -0.383 0.014 -0.250

Lake volume -0.161 -0.090 0.037 -0.249
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Table IV.15. Pearson's detennination coefficients (r) between the dissolved MeHg

concentrations and chemical parameters in the water column sampled in May 1998

(statistically significant coefficients io bold characters).

Chemical parameters Ail lakes Logged Bumt Reference

(0=33) (n=12) (0=9) (0=12)

Alkalioity 0.002 -0.113 -0.197 0.303

Calcium 0.095 0.077 -0.238 0.521

Chlorophyll-a -0.108 -0.413 -0.093 0.690

Chloride -0.023 -0.280 -0.038 0.198

DOC 0.013 -0.129 0.107 0.017

Hydrogen ion -0.001 0.073 0.255 -0.220

Potassium -0.087 -0.144 -0.512 0.031

Magnesium -0.170 -0.003 -0.005 -0.078

Sodium 0.173 -0.079 0.264 0.264

Total oitrogen -0.084 -0.202 0.318 -0.253

Ammonium (NH.l -0.133 -0.082 0.024 -0.153

Nitrate (N03-) -0.107 -0.035 -0.157 0.305

pH 0.034 -0.020 -0.250 -0.367

Secchi depth -0.079 0.106 -0.045 0.155

Sulfate 0.019 0.349 0.186 0.195

Total phosphorus -0.044 -0.141 0.404 0.201
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Table V.I: Partition coefficients

(Kd) of MeHg between the SPM

and the dissolved phase (Le., <0.3

J,lm) for seven lakes sampled in

September 1997

Lake Group Kd (104
)

C44 Logged 4.2

FP2 Bumt 2.1

FPI5 Bumt 3.1

FP24 Bumt 5.0

FP27 Bumt 1.8

FP30 Bumt 3.9

FP31 Bumt 1.2
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